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Abstract
“When, Where, and How will Wetlands be Resilient to Climate Change”:

Estimating wetland resilience and carbon sequestration to anthropogenic disturbances across
different geographies.

By
Pranjal Dwivedi
Doctor of Philosophy in Environmental Science, Policy, and Management
University of California, Berkeley

Professor Céline Pallud, Chair

It is undeniable that climate change is one of the most pressing challenges facing humanity in
the 21st century and that climate is changing at an unprecedented rate, primarily due to human
activities such as burning fossil fuels, deforestation, and land-use changes. These activities have
contributed to an unprecedented increase in greenhouse gas (GHG) emissions, most notably
carbon dioxide (CO;) responsible for bulk of the temperature increase?, but also methane (CHa)
and nitrous oxide (N20), possessing greenhouse warming potentials 28 and 273 times of carbon
dioxide, and increase global temperatures.

Wetland or soil carbon storage and GHG emissions are not comparable to fossil carbon emission
inherently due to differences in the durability of the carbon impacts and likelihood that those
impacts are reversed?. Fossil carbon emissions, in contrast to wetland greenhouse gas
emissions, result from combustion of geologically sequestered carbon that had been stored for
thousands to millions of years. Approximately 20-35% of emitted fossil carbon will remain for
over 3000 years in the atmosphere with clear and quantifiable climate impacts3. However,
natural climate solutions are “by nature” not guaranteed to be permanent. Carbon
sequestration in soils and wetlands employ photosynthesis to move atmospheric carbon to
biomass and belowground carbon pools, which can endure in storage anywhere from months to
millennia®. Even if a carbon sequestration practice such as improved agricultural management,
or construction and maintenance of wetlands were guaranteed to be maintained for many
decades, natural or anthropogenic events may disrupt the system and release the carbon back
to the atmosphere, reversing sequestration. However, even if these sequestration rates are



temporary and reversible they can still lead to negative radiative forcing reducing or delaying
peak global temperatures depending on anthropogenic emissions trajectories>®. Increasing
wetland/soil carbon is unequivocally beneficial from a holistic perspective’=, with an added
bonus of contributing to cooling the climate whenever the flux of GHGs out of the atmosphere
and is higher than the flux in the opposite direction.

Wetlands, in particular, have emerged as a significant piece of the puzzle in the fight against
climate change®. Wetlands are among the most productive and diverse ecosystems on Earth,
providing a wide range of ecosystem services, including carbon sequestration, flood control,
water purification, and wildlife habitat. Despite covering only around 6% of the Earth's land
surface, wetlands store a disproportionate amount of carbon, with some estimates suggesting
that they could store up to a third of the world's soil carbon!'*2. However, wetlands are also
one of the most threatened ecosystems on the planet, with an estimated 35% of the world's
wetlands having been lost since 1970%3. This loss has been primarily driven by human activities
such as drainage for agriculture, urbanization, and pollution!*. As wetlands are drained or
degraded, the accreted peat and organic matter stored is mineralized and goes back into the
atmosphere as carbon dioxide, contributing to further warming of the planet.

However, to effectively protect and restore wetlands, we need a more sophisticated
understanding of how they respond to anthropogenic disturbances, such as fires'®, pollution?®,
increasing sea levels and temperatures!’*8, Studying wetlands and their response to
anthropogenic perturbations is important for several reasons. First, it helps us to identify the
drivers of wetland loss and degradation and develop targeted interventions to address these
threats. Second, it allows us to quantify the carbon storage potential of different wetland types
and regions, which is essential for informing natural climate solution strategies. Third, it helps us
to assess the effectiveness of wetland conservation and restoration efforts and adapt our
approaches as needed.

In this dissertation, | investigated the impact of anthropogenic disturbances on wetland soil
response from two different geographies: a burned subalpine wetland in Wyoming, and three
wetland sites comprising a salinity gradient in the Sacramento-San Joaquin Delta. To achieve
this, | carried out experiments of increasing complexity, beginning from simple slurry-based
experiments to sophisticated flow-through reactor experiments. | simulated disturbance events;
namely monthly temperature variations in chapter 1, increased nitrate loadings and salinity
concentrations in chapters 2 and 3 and altered root exudate regimes using model compounds in
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chapter 4. Through my work, | was able to report the effects of both changing porewater/soil
chemistry and plant inputs on greenhouse gas emissions and dissolved carbon fluxes.



Contents

Chapter 1: Short-term impacts of fire and rising temperatures on carbon storage and

greenhouse gas fluxes in subalpine Wetlands. .......oeeeviiiiiiiiiiiiiiirerr e eens 2
LI 8 fo o [ VT e { o] o [P P P PPPIN 2
B2 = o o T T £ N 4
B0 I oo { [0 o I PPN 4
2.2 Sampling and soil/water charaCterization ........c.cceeeiiiieiiiiieiieie e e eaes 6
2.3 SlUITY EXPEIIMENTS .ottt ettt et ete e eueteenstaenenetenstasnsaetnsuseasnesesnsessnsnsenns 7
2.4 FLow-through reaCtor eXPerimeNntS. ..o iiiiiii e e e e e s e s as e anaaans 7
2.5 StatiStiCal @NalYSES .vniniiii ittt e e e e e e e e e aaan 9
B RESULLS ceuiiiiiiii et e e 10
3.1 Soil and porewater CharaCteriStiCS c.vvuiniuiiiiiiii e e e e enes 10
3.2 Concentrations and fluxes of greenhouse gases in slurry experiments ................... 12

3.3 Potential export rates of iron, greenhouse gases, and dissolved carbon measured

USING FTR @XPEIIMENTS. ettt ettt ete e eae e e et e eae e ensaeensaensassnsnssnsnsens 19
TN B = Tof U 11 (o] o FO PP PPN 27
4.1 Influence of site characteristics on greenhouse gas fluxes and export rates............ 27
4.2 Temperature sensitivity of measured production rates. .....c.cocveveviiiiiiininininenenenenns 29
4.3 Implications for wetland carbon sequestration and water quality. .......cccevveienenene.. 30

Chapter 2: Assessing the impact of increasing nitrate and salinity levels on dissolved
organic carbon and greenhouse gas fluxes spanning a salinity gradient in the Sacramento-

SF- Tl o F-To 1V 1] o i B 1= = [P 31
LI [ ] A oo [UTe1 1o ] o [PPSR 31
B\ =1 1 o Lo To - PSPPSR 33
D B (o V7| €= T F PP PSPPIt 33
2.2 Sediment and surface water characterization.......c.coveeiiviiiiiniiiiii e 34
2.3 SlUITY EXPEIIMENTS 1ottt e e ettt et e e e e eaeaeaetatesesnsnsnsnsnsnsessesnannnnns 35
2.4 STAtiStiCAl ANALYSES .uieiiiiiiiiiiii et aaaaaas 36



B =TT U 1 = 36

3.1 S0il CharaCteriStiCS. .. cuuiuiiiiiiiiiii e 37
3.2 Greenhouse gas emissions in response to nitrate addition ..........ccccvvveiiiiiiinininnn.. 38
3.3 Greenhouse gas emissions in response to salinity ......cccoveveiiiiiiiiiniiiniiiee e, 45
A DISCUSSION tutttitiitt ittt ettt ettt et et e e e e et ettt et saneansaeeaeeaenansenetnsansensnennenns 51
4.1 Site CharaCteriStiCS ..uuiuuiiuiiiiiiii e 51
4.2 Factors driving differences in carbon dioxide fluXes ......cccoeeviiiiiiiiiiiiiiiinininiene. 52
4.3 Methane dynamiCsS ACrOSS SItES wuiuiiiiiiiiiiiiiiie e e eee e e eeeeneneneaaens 53
4.4 Factors driving N2O dynamiCs aCrOSS SiteS. .vuiuiiiuiiiiiiiiiieieeiieeieeeteeeeeeeeeeneaenns 53
VRN [ 0] o] TeF= [ To] o - JON T P PP PP P PP PP 54
Chapter 3: Estimating wetland resilience to nitrate loading across two geographies. ....... 55
T INEFOAUCTION ceeeei ettt et et et e et e e et s e e e enenanes 55
B2 = o T T £ PN 56
2. S U SIS iuiininiiii ittt ettt ettt ettt e et et et e et e ra e et enraeaneaetnranaaanaanans 56
b7 Y- 0 ] o] U o = N 59
2.3 Flow-through reacCtor eXperimeEnTS. . ..o ittt e e eee e eaeeneneenas 60
2.4 Rates and kinetic parameter estimation.....c.cveveiiiiiiiiiiiiiiirrrr e 61
2.5 StatiStiCal @NALYSIS cuiviiiiiiiiiii et aa e aas 62
B =T L N 63
3.1 Site CharaCteriStiCs .....iiuviiuiiiiiiiiiiii e 63
3.2 Nitrate and nitrite breakthroUgh CUIVES .....ciuiiiii e eeas 66
3.3 Michaelis-Menten kinetics and comparison of Rmaxand K values. ......oooviiiveinanen, 69
3.4 Nitrogen and carbon production rates across salinity treatments for Delta soils ..... 72

3.5 Nitrogen and carbon production rates for shallow and deep subalpine wetland soils

.............................................................................................................................. 75
TN B = Tof U 11 (o] o F PP PP UPTRN 82
4.1 Site characteristics and impact on nitrate reduction rates across geographies........ 82
4.2 Ammonium and nitrous oxide production rate dynamics across wetland sites........ 83
4.3 Carbon dynamics in FTR eXPerimeENtS. c..ciiiiiiiiiiiiieeee e et e e e enenas 84
i g oY o] N Tot= 1 1 o] o 1< T PPN 84



Chapter 4: Experiments in changing root exudate chemistry and the impact on greenhouse

8aS FlUXES INTNE DElA. .. e r ettt e e e e sasasasasannananns 86
L L8 foTo [ VT e { o] o IO PPN 86
2. MEENOAS e et e e e eas 87
B B (o V1| == F 87
2.2 Sediment and surface water characterization........ccceeuviuiiiiiiiiiiiiiiiiiiini s 89
B S U ¢ V=Y d o =T £ g =T 0} € TP 90
2.3 StatiStiCal @NalYSES c.ueniniiiiri et e e e e e anan 91
R =T L N 91
3.1 S0Il CharaCterISTICS. . cuuiei it 91
3.2 Greenhouse gas concentrations and fluxes in response to exudate additions. ........ 94
A DISCUSSION cutttttttitttee ettt et et ettt ettt et et e e s e et eaeaeatnsenetnsansansnnsaenenenns 100
4.1 Site characteristics and influence on greenhouse gas fluxes. ......cccceevviiiiineninnnn... 100

4.2 Influence of chemical composition of exudates on greenhouse gas fluxes and

interaction With Site ProPerties. ...t e e e e eans 102
Z2eC B 1 g] o] ToF= 1 o] 1 1< T PPN 103
RETEIBINCES ..t ettt et et s e e e a e e eaa 104



Chapter 1: Short-term impacts of fire and rising temperatures on carbon storage and greenhouse
gas fluxes in subalpine wetlands.

1. Introduction

Wildfires have been an ever present part of ecosystem disturbances throughout our geological
history and are increasingly considered crucial to the proper functioning of ecosystems and to
building resilience and evolutionary pressure for flora and fauna®®. They are known to directly
impact soils through the formation of pyrogenic carbon??, which has implications for biological,
physical, and chemical processes taking place in soils. Pyrogenic carbon (pyC) describes
thermally altered carbon produced by the incomplete combustion of organic matter during
fires?0 21, It is estimated to comprise anywhere between 0 and 60% of total soil organic matter
across grasslands, forests, agricultural soils, and wetlands?? 23, Pyrogenic carbon is an important
slow-cycling constituent of the carbon cycle??* that can support microbial respiration? and can
be used as an amendment to support carbon sequestration in soils and soils?®. Due to its
chemical recalcitrance, it has a longer half-life than non-thermally altered organic carbon?%?’,
Despite its chemical complexity and stability, recent research on organic matter decomposition
dynamics in highly complex soil continuums has challenged our long-standing view of the
stability of such organic matter compounds and fractions?®2°, A recent study found increases in
water extractable organic carbon and higher carbon dioxide fluxes for burned soils compared to
unburned soils, along with specific metabolites implicated in microbial processing of organic
carbon?°. Elevated post-fire inputs of pyrogenic carbon can also impact cycling of native soil
carbon through changes in dissolved organic carbon (DOC) export and greenhouse gas (GHG)
production through “positive priming” effects, especially in the short-term3%-32, Soil carbon
priming is a phenomenon in which the addition of fresh organic matter to soil stimulates the
decomposition of pre-existing soil organic matter (SOM)33. This process can lead to a short-term
increase in carbon dioxide (CO2) emissions from the soil, as the microbial community becomes
more active and breaks down both the fresh organic matter and the older, more stable SOM?34.
Furthermore, the ability of pyC to act as an electron snorkel®, the ability to absorb and shuttle
electrons, can speed up mineral dissolution through the reduction of Fe(lll) oxides and affect
CO,, methane (CH4) and nitrous oxide (N20) production, especially in anoxic environments
prevalent in wetlands. Loss in soil carbon due to DOC export and subsequent microbial



processing to carbon dioxide can be expected to vary by depth due to differences in soil organic
carbon/total iron content, bulk density, abundance of Fe(lll)-reducing bacteria, and pyrogenic
carbon diffusive transport, which will increase redox potential due to its electron snorkelling
ability and impact greenhouse gas fluxes from deep soils. This would alter the ability of these
wetland systems, often thought as sinks of carbon!'?, to sequester carbon post wildfire events.

On larger scales, wildfires, and subsequent input of pyrogenic carbon, are also known to
increase3¢%0, decrease3”41™*3 or not alter**> DOC concentrations and greenhouse gas emissions
reported immediately post-fire in streams and wetlands. Short-term decreases in post-fire DOC
concentrations in surface water have been attributed to the combustion of soil organic matter?3,
decrease of root exudates production after vegetation mortality32, lower canopy throughfall,
and inhibition of soil microbial activity®°. On the other hand, increases in DOC concentrations in
streams and wetlands immediately post-fire have primarily been attributed to erosion?® of
organic carbon and decrease in sorptive ability of soils due to higher pH*’. Over shorter and
longer timescales post-fire, rapid vegetation regeneration*®, and shift in vegetation structure
and composition in wetlands and riparian areas will also have an impact on DOC and
greenhouse gas fluxes 27 2%, Recent research has indicated that it takes close to nine months for
dissolved organic carbon levels in a riverine watershed to recover to pre-fire levels*! although
the post-fire response in DOC concentrations could persist longer, up to 15 years, in smaller
streams3?,

Here, we investigated the short-term impact (< 1 year) of forest fires on DOC concentrations
and greenhouse gas fluxes in subalpine wetland soils. Given monthly temperature variations in
summer, it was also important to investigate this impact across different temperatures. To
achieve this, we performed controlled laboratory experiments with systems of increasing
complexity (slurry experiments on homogenised soil, and flow-through experiments on intact
soil cores) in order to measure potential rates of greenhouse gas production and DOC export
using soils sampled shortly (< 1 year) post-fire. The slurry experiments allow for comparison
with published literature where these experiments are ubiquitous. We found higher rates of
DOC loss and carbon dioxide production from burned wetland sections, and also observed that
production of greenhouse gases from burned and unburned wetlands increased with higher
temperatures.



2. Methods

2.1 Location

The Mullen fire complex (WY, USA) is an ideal system to study the short-term (<1 year) post-fire
biogeochemistry of wetlands and to examine the effects of inputs of pyC on DOC exports and
GHG fluxes. The 2020 Mullen fire burned 715 km? of lodgepole pine (Pinus contorta) on the
Colorado-Wyoming border in the Medicine Bow National Forest starting in September, 2020 and
was 97% contained as of January, 2021°, roughly seven months prior to sampling. The burned
wetland is located 7 km on Road 517/Dry Park Road on Lake Creek (41.148244, -106.155794) in
the Medicine Bow-Routt National Forest (Figures 1, 2). To limit inherent spatial heterogeneity in
soil and porewater biogeochemical properties which make comparisons difficult, adjacent
burned and unburned sections of the same wetland were sampled in July 2021. Three locations
on the burned wetland were sampled to account for differences in post-fire vegetation growth,
ranging from reed grass (Calamagrostis canadensis) dominant sampling site #1 (Figure 1), tall
cottongrass (Eriophorum angustifolium) dominant site 2, and water sedge (Carex aquatilis)
dominant site #3.



! 1100 km

Figure 1. Extent of the 2020 Mullen fire (red outline). The inset shows sampling locations for
the burned section of the wetland (sites 1-3, red) and for the unburned section of the wetland

(site 4, blue).

Figure 2. Picture of the burned wetland section (Site 1) 9 months after fire (July 8, 2021),
showing charred vegetation patches and adjacent burned forest.



2.2 Sampling and soil/water characterization

Porewater diffusion chambers, “peepers”>%>! were installed in duplicate in each location of the
3 burned and single unburned locations (down to 30 cm) in July 2021, for a total of 8 peepers,
and left to equilibrate for 21 days. Pore waters were sampled using dialysis samplers >%°%, also
known as ‘peepers’. The peepers were 36 cm long, 25 cm wide, and 5 cm thick, and included a
removable stainless-steel handle for easy retrieval and a triangular base to facilitate
submersion into wet sediments. They were constructed of low-density polyethylene with 22
equally spaced (0.5 cm intervals) 60-mL chambers (1x20x3 cm). The chambers were initially
filled with deoxygenated, deionized water and covered with a 0.45 pum nitrocellulose
membrane and the peepers were kept in anoxic conditions when transported to the field. At
each site, a meter near the shoreline, peepers were quickly inserted into the unvegetated part
of the sediment to prevent oxygenation and were left to equilibrate with the surrounding pore
water for 8-10 weeks. Upon retrieval, the peepers were immediately placed in a N>-flushed box
and transported to the laboratory where they were transferred in a N»/H; (96-4%) glove bag.
Pore waters were extracted from the chambers, filtered, and transferred into vials until
processing. The peepers were deployed at the four study sites in During retrieval, peepers were
instantly transferred to a large Ziploc bag and flushed with N; gas using a small cylinder brought
into the field to prevent oxidation of water samples in the peeper chambers. They were then
transferred to an ice cooler, along with the soil cores, and subsampled for chemical analyses
within 6 hours of being retrieved from the field. Water samples were subsequently acidified
with dilute (2% w/v) HNOs to preserve chemical speciation of dissolved Fe and N
cations/anions. Relevant extractable anions and cations were measured using a Dionex ion
chromatograph (IC) (electrochemical detector, ED40; analytical column, AS23/AG23; anion self-
regenerating suppressor, ASRS-I, 4 mm; mean detection limit: 30 ug/L, error: 5 pug/L ) supplied
with a carbonate eluant (7.2 mM NazCOs and 1.28 mM NaHCOs) at a flow rate of 1.0 mL min™2,

For each peeper location, duplicate soil cores were taken to a depth of 24 cm after removal of
the top organic matter layer, which overlaid soils from all three sites. One core was separated
in two depth intervals (0-12 cm and 12-24 cm) and each was used for soil physical and chemical
characterization, while the second one was used for flow-through reactor experiments (see
section 2.4). Soil dry bulk density was determined by drying a known volume of soil for 24 hours
at 105°C. Soil pH was measured by suspending 5g of soil in a 10 mM CaCl solution®2. Total
organic carbon and nitrogen percent was measured by combusting 30 mg of dried soil using a
NC 2100 Elemental Analyzer (CE Instruments, USA). Soil samples were digested in an
Environmental Express Digester following the EPA 3050B protocol®3. . Oxalate-extractable Fe,
understood as a proxy for poorly-ordered oxides more likely to participate in redox reactions,
was determined using Schwertmann’s protocol>*. The percentage ash in soil was determined by
combusting the dried soil to 450°C in a muffle furnace in a ceramic crucible and calculating the
reduction in weight following the ASTM (American Society for Testing and Materials) D2794
protocol®>.



2.3 Slurry experiments

Duplicate soil slurry experiments were carried out in 125 mL serum bottles, using a 1:4 (w/w)
wet soil: deionized water mixture®®, with pH held constant at 7.5 to mimic field conditions
(Appendix 1), in order to get preliminary estimates of potential rates CO;, CHa, and N,O
production in each site. Soils from 0-12 cm and 13-24 cm were homogenized prior to
incubations. Serum bottles were also evacuated, and the sterile deionized water was flushed
with N to maintain oxygen-free experimental conditions. Slurries were sub-sampled every hour
for the first six hours, and subsequently daily, for a period of seven days for liquid and gas
analyses. An equal amount of Nawas injected into the bottles to maintain vapour pressure
during gas sampling. Liquid samples were filtered through a 0.22 um PTFE membrane syringe
filter (Whatman; 25 mm filter size) prior to chemical analyses for total Fe, Fe(Il), NOs", SO472,
NH4*, and DOC. Liquid samples were analysed as described in Section 2.2. Concentrations of
CO3, CH4, and N20 in the gaseous sub-samples were analysed on an Agilent 7890B GC (Agilent,
Santa Clara, CA) for using thermal conductivity, flame ionization, and nitrogen
chemiluminescence detectors (TCD, FID, and NCD) respectively. Concentrations of CO2, CHg,
and N2O were then used to calculate potential CO2, CHa, and N;O fluxes according to:

F=-—L«4 (1)
Axm AT

Where F is the gas flux (umol [CO2 or CH4] g soilt m? s72), V is the volume of the slurry, A is the
area of the serum bottle cross-section, AC is the gas concentration difference between
consecutive time points (mol m= [CO2, CH4, and N20]), m is the mass of dry soil, and At is the
time increment. Values were converted from ppm to mol m™3 using the ideal gas equation. Gas
concentrations from initial kinetic phase were considered for flux calculations due to a stronger
linear slope, following best practices from Hutchinson et.al®’. Due to constant mixing of the
slurries leading to a disruption of the soil and microbial community structure, the potential
fluxes measured this way reflect the maximum potential of the system to produce those GHGs.
In comparison, flow through reactors preserve the pore structure and the spatial distribution
of solid-bound constituents, including microorganisms and substrates, thereby providing a
simple means of determining reaction rates under conditions that more closely reflect the
initial in situ conditions than would well-mixed batch experiments>2.

2.4 Flow-through reactor experiments

Flow-through reactor (FTR) experiments were performed to measure the potential rates of
Fe(ll), DOC, DIC and methane export under conditions that preserve the pore structure and the
spatial distribution of solid-bound constituents, including microorganisms and substrates,



thereby providing a simple means of determining reaction rates under conditions that more
closely reflect the initial in situ conditions than would well-mixed slurry experiments®8. The
advantages of the FTR are that reaction rates are determined for near steady-state conditions
and dissolved metabolic byproducts do not accumulate in the reactor®®. The reaction rates,
Fe(ll), DOC/DIC, and methane rates obtained from our experiments are referred to as
“potential” rates, as they correspond to conditions where Fe(lll) oxides are the dominant
terminal acceptor accessible to microbes®. Experiments were performed in duplicate using
from two depths: 0-2 and 15-17 cms. Each FTR contained an undisturbed soil core withina 2 cm
long and 4.2 cm diameter Plexiglass ring, with 0.2 um pore size nitrocellulose filters and glass
fiber filters at each end (Figure 3). The FTR were sealed on either side with Plexiglass caps
tightened with screws, with O-rings to prevent leaks. Input/output channels opened at the
center of the caps at the contact with the glass fibers filters and create a uniform flow
throughout the cross-section of the soils®8. The experiments were carried out in a glove bag
under anoxic conditions (4.5% H,, 95% N;) and the FTR were placed in a temperature-controlled
water bath to ensure constant temperatures of 9, 18, and 27°C, simulating minimum, mean,
and maximum air temperatures for the month of July for this area, using data from the Elk
Mountain Weather Station, located at a similar elevation (2,225 m)®. An input solution was
supplied to the reactors at a constant volumetric flow rate (1.5 + 0.1 mL hrt) imposed by a
peristaltic pump, corresponding to residence times between 12-14 hours, similar to residence
times for wetland geographies at similar elevation and slope®-6263, The input solution was a
synthetic porewater that mimicked the chemical composition of porewater samples in the field.
It contained an average of 5 mg L't Na*, 30 mg L'*Ca*?, 15 mg L'* K*, and 0.15 mg L' NH4* And
was purged with N, to remove any oxygen. Outflow samples were collected every day and
analyzed for Fe(ll) and DOC/DIC concentrations. Fe(ll) was measured spectrophotometrically
using the ferrozine method at 562 nm®*. DOC/DIC was measured using a wet oxidation total
inorganic and total organic C analyzer (Model 1010 Wet Oxidation Total Organic/ Total
Inorganic Carbon Analyzer Ol Analytical) with 50 g L™! H3PO4 for total inorganic C and 100 g L™
Na»S,0s for total organic C with heat catalysis at 100 °C (detection limit: 12 pg/L, standard
error: 3.5 %). Outflow samples were subsampled and sparged with N; gas and the headspace
sampled to purge the water of CO,, CHs4 and N2O. Gas samples were analysed on an Agilent
7890B GC (Agilent, Santa Clara, CA) for CO3, CHa, and N0 using thermal conductivity, flame
ionization, and nitrogen chemiluminescence detectors (TCD, FID, and NCD) respectively.

Potential steady-state rates of Fe(ll) export, DOC export, DIC export, CHs, and N2O export were
calculated according to the equation (2) using 1843 data points from steady-state conditions
when chemical composition of the outflow was no longer fluctuating significantly, according to:

AC*Q
14

R = (2)



where Q is the volumetric flow rate, V is the reactor volume, and AC is the difference in
concentration of the solute between the outflow and inflow solutions at steady-state®®. It took
for Fe(ll) and DOC concentrations around 12 days after the start of the experiment to reach
steady-state. Fe(ll) export rates provide a lower limit for Fe(lll) reduction rates due to
secondary precipitation of Fe(ll) to siderite and lepidocrocite®®, sorption onto clay minerals,
and/or binding to native organic matter sorbed onto mineral surfaces®’. These rates were then
used to calculate Qo values following Chen et.al® as:

10

Q10 = (ﬁ)rz-n
10 Ry

where R; and R; are rates calculated for temperatures T, and T1, where T, and Ty are
temperatures tested in the experiment, with T, > Th.

0.2 um filter + glass fiber filter

o I ~
sediment plug
® L 2

— output channel

<«— input channel

CAP

Figure 3. Side and top view of a flow-through reactor, adapted from Pallud and van Cappellen2.

2.5 Statistical analyses

All statistical analyses were carried out in R®°. Data was tested for normality using the Shapiro-
Wilk test and log-transformed when necessary. Differences between all measured water, soil,
and gas variables were determined using a t-test with a threshold of p <= 0.05. Tukey’s honest
significance difference test was used to determine which sites, if found significant (a = 0.05),



were different. Pearson’s correlation coefficients were calculated between measured water, soil,
and gas variables and visualized using the ‘corrplot’ function in R7?. Multivariate analyses were
performed to evaluate differences in water, soil, and gas concentrations. Given these
concentrations vary by orders of magnitude, it was desirable to relativize them by column totals
through the ‘decostand’ function using the ‘vegan’ package’?. These were then visualized using
Principal Components Analysis (PCA) ordinations. PCA was performed in R using the ‘prcomp’
function which is a part of the ‘stats’ package?®. NMDS, or non-metric dimensional scaling, was
used to collapse data from multiple response variables for the purposes of dimension reduction
and visualization. The NMDS plot is a useful tool for illustrating overall differences between
sites, especially with multivariate response data. NMDS relies on distance matrices, which are
computed on the basis of differences between relativized concentrations of all measured
response variables The function was performed using “metaMDS” and visualized using
“ordiellipse”, both included within the ‘vegan’ package’?.

3. Results

3.1 Soil and porewater characteristics

Table 1. Soil and porewater physical and chemical characteristics for the four study sites and
two studied depth intervals (0-12 and 13-24 cm). Values reported are means obtained from
triplicate samples. Different superscripted letters indicate significant differences at p<= 0.1 for
each row. Standard deviations were <30% of measured values and omitted for brevity.

Soil characteristics Burned 1 Burned 2 Burned 3 Unburned
Depth interval (0-12 cm)

Sand content (%) 32.1+25¢ 29.7+1.52 24.4%3.7° 12.3+£1.9°
Silt content (%) 25.3+2.52 22+2.52 30.6+4.1° 36.5+2.7¢
Clay content (%) 42.3+6.5° 47+4.6° 44.9+2 52 50.9+2.5°
Textural class Clay Clay Clay Clay

Dry bulk density (g cm™) 0.31+.072 0.30+.052 0.29+.03? 0.34+.08°
pH 6.17+.61° 6.36+.422 6.19+.332 5.28+.53°
Percent ash (by weight) 8.83+1.712 7.19+251¢ 6.55+1.52 1.12+.25°
Corg content (%) 23.6x2.11° 21.3£3.45% 22.5+1.952 30.7+2.27°
Total N content (%) 1.17+.112 1.2+.352 0.97+.252 2.28+57°
Molar Corg:N ratio 22.54+2.062 19.73+3.15*  22.6+1.872 14.39+2.16"
Extractable Fe content (mg g of soil ™) 22.57+4.51*  23.89+3.63%  22.86+5.52%  19.37+3.72°
Extractable Ca content (mg g of soil™") 344.7+42 5%  281.5+31.6° 266.7+37.1°  126.3+12.9°
Extractable Mg content (mg g of soil ) 27.1243.92%  24.80+2.33*  23.9+4.912 19.86+2.55P
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Depth interval (13-24 cm) Burned 1 Burned 2 Burned 3 Unburned
Sand content (%) 12.1+£3.62 9.17+2.7° 14.24+1.92 7.35+1.15°
Silt content (%) 35.32+4.16*  32.61+5.19*  32.62+4.57%  38.57+6.1°
Clay content (%) 52.63+4.948  57.63+6.67*  54.91+4.77¢ 55.91+7.59¢2
Textural class Clay Clay Clay Clay

Dry bulk density (g cm2) 0.51+.13¢ 0.48+.112 0.53+.072 0.52+.09°
pH 6.28+.35% 6.33+.472 6.11+.378 6.09+.42%
% ash (by weight) 2.43+57° 3.19+.36" 2.55+.442 0.73+.17°
Corg content (%) 7.56+1.382 9.73+2.51° 10.51+1.67° 15.67+3.45°
Total N content (%) 0.33+.062 0.32+.07° 0.34+.09° 0.58+.11°¢
Molar Corg:N ratio 26.54+1.37*  30.31+2.15*  30.91+1.16% 28.39+3.36%
Extractable Fe content (mg g of soil ) 28.17+4.57¢  24.194551*  29.86+6.17%  25.37+4.75%

Extractable Ca content (mg g of soil ) 284.19+32.77% 270.41+42.19* 226.69+39.17% 116.4+12.71°

Extractable Mg content (mg g of soil ) 28.32+2.65%  25.98+4.57%  27.9+3.972 22.19+1.87°

Porewater concentrations

Depth interval (0-12 cm)

Porewater DOC (mg/L) 84.15+10.37%  103.70+2.5° 104.82+25% 65.12+25°¢
Porewater sulfate (ppm) 3.33+.557 2.83+.472 3.12+.39° 1.38+.33°
Porewater nitrate (ppm) 1.88+.362 1.39+.25° 1.30+.17° 0.47+.08¢
Porewater Fe(l11) (ppm) 2.51+.492 2.83+.38¢2 2.45+.67° 1.57+.29°

Depth interval (13-24 cm)

Porewater DOC (mg/L) 90.27+17.15%  108.93+22.7° 104.23+12.4> 60.27+12.33°

Porewater sulfate (ppm) 1.11+.27¢ 1.43+.362 1.22+.272 0.78+.15°
Porewater nitrate (ppm) 0.12+.022 0.15+2.5°P 0.10+.01° 0.11+.03¢
Porewater Fe(l11) (ppm) 0.25+.06° 0.31+.09? 0.31+.05% 0.27+.03?

Table 1 shows that the sites were statistically similar with regards to their measured physical
properties, with similar bulk density and textural class. All sites were characterized by high clay
content (>42%), and the unburned site was characterized by a lower sand content but higher silt
content than the other sites. The unburned site had significantly less ash (p = 0.001) than the
burned sites (6.6-8.8%), and ash content across the burned sites was significantly higher in the
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top soil (0-12 cm) than for the deeper depth interval (13-24 cm) (p = 0.064). The burned sites
had significantly lower C content (21.5-23.3%) (p = 0.025) and N content (0.97-1.26%) (p =
0.027) than the unburned site (30.7% and 2.28%, respectively). The C:N ratios increased
significantly by depth for both burned and unburned sites (p = 0.012). The soil pH was slightly
acidic, and the pH of the topsoil in the burned sites was about one unit higher than for the
unburned site (5.28) (p = 0.027), although there were no significant differences between sites
for the deeper soil. Extractable Fe content did not significantly differ between the burned and
unburned soils, but significantly increased with depth (p = 0.041). Burned and unburned soils
from shallower depths were characterized by significantly higher porewater nitrate
concentrations compared to deeper soils (p = 0.057). Additionally, they possessed higher
porewater sulfate concentrations compared to unburned soils (p = 0.031) and higher DOC
concentrations compared to unburned soils (p = 0.05). For deeper depths, differences for
porewater nitrate, sulfate, and dissolved organic carbon were found not to be statistically
significant.

3.2 Concentrations and fluxes of greenhouse gases in slurry experiments
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Figure 4. Concentrations of CO; produced as a function of time in slurry experiments with soils
from two depths (shallow soil: diamonds, deep soil: triangles), and four sampling locations.
Error bars represented standard deviations of triplicate measurements, found not to exceed
>40% of measured value for any time point.
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Figure 4 shows the temporal evolution of CO; concentrations in the slurry experiments.
Concentrations of CO; increased throughout the course of the experiment across 6 of the 8
experimental conditions shown here. Averaged for all time points, burned shallow soils,
produced on average as much as 24.7% more CO; than unburned soils (Figure 4). This trend was
not significant for the deeper soils. Deeper soils, on average across all time points, also
produced 52.7% less CO; than shallower soils by the end of the experimental period.
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Figure 5. Average CO; fluxes calculated for the initial rapid evolution phase of the slurry
experiments, spanning measurements taken from 1-24 hours. Green and red bars represent
depth interval of 0-12 and 12-24 cm, respectively. Different letters indicate significant
differences at p<= 0.05. Letter’ represents differences at significance level p <=0.1.

Figure 5 shows initial rapid fluxes of CO; calculated for the first 24 hours of the incubation
period. Burned sediments, on average, produced significantly higher fluxes,

0.013 pmol g soil*m2s! compared to 0.08 umol g soil"*m2s™ for unburned sediments (p <<
0.05). Burned topsoil produced significantly higher CO» fluxes compared to deeper sediments
(0.011 pmol g soil'*m2s v/s 0.049 umol g soil*m2s1). Burned site 3 topsoil had lower fluxes of
CO. despite higher CO, accumulation (Figure 3), however they were still higher than fluxes from
unburned topsoils (p = 0.076). There was some statistically significant variation between Burned
site 1 and Burned 2 (p = 0.091) despite having similar concentration profiles and accumulation.
There were minimal differences between soils from deeper depths between burned and
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unburned wetland sections, with only wetland 2 being significantly different from the rest (p =
0.089).
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Figure 6. Concentration of CH4 produced as a function of time in slurry experiments with soils
from two depths (shallow soil: diamonds, deep soil: triangles), and four sampling locations.
Error bars represented standard deviations of triplicate measurements, found not to exceed
>40% of measured value for any time point.

Figure 6 shows the temporal evolution of CHs4 concentrations in the slurry experiments.
Concentrations of CHs increased over time, but stabilized in the experiments with burned soils
sometimes within 1 day (Burned 1), whereas they increased for the whole duration of the
experiments for unburned soils. Unburned soils, on average, produced 2.89 times more CH4
compared to soils from burned areas averaged over all time points. Shallower unburned soils
produced significantly more CH4 concentrations than deeper soils, however this trend was
reversed for shallow and deep soils from burned wetland sections.
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Figure 7. Average CH, fluxes calculated for the initial rapid evolution phase of the slurry
experiments, spanning measurements taken from 1-24 hours. Green and red bars represent
depth intervals of 0-12 and 12-24 cm, respectively. Different letters indicate significant
differences at p<= 0.05. Letter’ represents differences at significance level p <=0.1.

Figure 7 shows initial rapid fluxes of CH4 calculated for the first 24 hours of the incubation
period. Fluxes shown in Figure 6 highlight the statistically significant differences (p << 0.05)
between CHs fluxes from unburned and burned wetland sections, for shallow and deep soils.
Unburned topsoils produced 0.13 nmol g soilm2h! compared to an average of 0.062 nmol g
soil*m2 hl for burned topsoils. This trend persisted for deeper soils, with a flux of 0.071 nmol g
soil*m2h! for unburned wetland sections compared to an average of 0.032 nmol g soil*m2h!
for burned wetland sections. Averaging for shallow and deep soils across burned and unburned
sections, there were no statistically significant differences for CHa fluxes, however shallow soils
from unburned and burned site 3 produced significantly higher fluxes (p = 0.023, 0.067) than
deeper soils.
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Figure 8. Concentrations of N,O produced as a function of time in slurry experiments with soils
from two depths (shallow soil: diamonds, deep soil: triangles), and four sampling locations.
Error bars represented standard deviations of triplicate measurements, found not to exceed

>40% of measured value for any time point.

Figure 8 shows the temporal evolution of N,O concentrations in the slurry experiments. Burned
soils produced higher N,O concentrations compared to burned soils (Figure 7), however the
pattern of N2O concentrations across the sites was a strong initial pulse around 1-2 hours after
the start of the experiment, followed by a steep decline for the remainder of the experiment.
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Figure 9. Average log-transformed N,O fluxes calculated for the initial rapid evolution phase of
the slurry experiments, spanning measurements taken from 1-24 hours. Green and red bars
represent depth intervals of 0-12 and 12-24 cm, respectively. Different letters indicate
significant differences at p<= 0.05. Letter’ represents differences at significance level p <=0.1.

Figure 9 shows initial rapid fluxes of N,O calculated for the first 24 hours of the incubation
period, and plotted as log-transformed for ease of visual representation. On average, shallow
soils from burned sites significantly higher N,O fluxes compared to unburned shallow soils (p <<
0.05). Differences in deeper sediments were less pronounced, with burned site 3 producing the
highest N,O fluxes (p = 0.035) with the remaining burned and unburned NO fluxes not
significantly different from each other.
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Figure 10. Correlation plot of all measured response variables from the slurry experiments for
each time point. Fe(ll), NH4*, NO3", SO42and DOC were measured from aqueous samples post
filtering. Correlation coefficients are reported at a threshold of p <= 0.05.

Correlation plot for measured chemical parameters from the slurry experiments (Figure 10)
reveals more associations between gas and aqueous chemical parameters. Carbon dioxide
concentrations were strongly positively correlated with porewater reduced iron (Fe(ll)), and
ammonium concentrations, whereas associations of carbon dioxide with methane and DOC
were a bit weaker. Carbon dioxide was also strongly negatively associated with porewater
nitrate and sulfate concentrations, and weakly negatively associated with nitrous oxide
concentrations. Methane concentrations were negatively associated with porewater nitrate and
sulfate concentrations, while being weakly positively correlated with porewater Fe(ll)
concentrations levels in the bottle reactors. Nitrous oxide concentrations were weakly positively
correlated to nitrate and sulfate concentrations in the slurry mix. There were also notable strong
associations between redox-relevant ionic species, with porewater nitrate and sulfate
concentrations being positively correlated, whilst both were negatively correlated with
porewater ammonium and Fe(ll) concentrations.
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Figure 11. NMDS (non-metric multidimensional scaling) plot of all measured variables from the
slurry experiments. Gold, red, orange, and green ellipses represent Burned 1, Burned 2, Burned
3, and Unburned sites’ measured variables, respectively.

Figure 11 shows the NMDS plot of all measured variables from the slurry experiments. There is
separation between unburned and burned soils, whereas there exists a significant amount of
overlap between the three burned soil ellipses. There is higher overlap in the NMDS plot with
polygons representing the two depth intervals (not shown here).

3.3 Potential export rates of iron, greenhouse gases, and dissolved carbon measured using FTR
experiments.
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Figure 12 Potential steady-state Fe(ll) export rates measured using FTR experiments for the four

sampling locations in response to temperatures of 9 (blue), 18 (green), and 27°C (red), for (a)

the shallow soil interval (0-2 cm) and (b) the deeper soil interval (15-17 cm). Different letters

denote significant differences at p <= 0.05. Letter’ denote significant differences at p <= 0.1.

Table 2. Q1o values reported for each site and depth combination for potential Fe(ll) production

rates. Values are reported pairwise for temperatures at which flow-through reactor columns

were incubated.

Site + Depth

Burned 1 (0-2 cm)
Burned 2 (0-2 cm)
Burned 3 (0-2 cm)
Unburned (0-2 cm)
Burned 1 (15-17 cm)
Burned 2 (15-17 cm)
Burned 3 (15-17 cm)
Unburned (15-17 cm)

Q10 (9-
18)

3.14
1.87
1.45
1.62
1.91
2.59
2.73
1.43

Q1o (18-
27)

1.42
431
1.86
1.53
1.71
0.92
1.24
1.86

Q1o (9-
27)

2.11
2.84
1.64
1.57
1.80
1.54
1.84
1.63
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Figure 12 shows the steady-state potential Fe(ll) export rates measured for all sites and depths,
and in response to three temperatures, while Table 2 summarizes the Qi calculated from those
rates. Fe(ll) export rates varied considerably among the wetland sites and across incubation
temperatures. The unburned site exhibited the lowest rates, ranging from approximately 3.1 to
4 mmol cm™ h™", with minimal variation across the temperature treatments. In contrast, the
burned sites showed significantly higher Fe(ll) export rates, particularly at the higher incubation
temperatures. Burned site 2 showed significantly higher Fe(ll) export rates at the warmest
temperature (p << 0.05), with the 27°C incubation yielding a rate of nearly 20.1 mmol cm™ h,
followed by the 18°C and 9°C incubations at approximately 5.4 and 5.1 mmol cm™3 h™,
respectively, which were not significantly different than other burned sites at similar
temperatures. Burned sites 1 and 3 also showed elevated Fe(ll) export rates compared to the
unburned site, with rates ranging from 5 to 10 mmol cm™3 h™" across the temperature
treatments. On average, burned wetland sites exhibited substantially higher reduced iron export
rates compared to the unburned reference site (p < 0.05), and increasing incubation
temperatures led to higher Fe(ll) export rates (p < 0.05).

This trend was reflected in Qa0 values obtained via pairwise comparison of rates for our three
temperatures for shallow and deep soils from burned and unburned sections. Qo values ranged
from 1.45 to 4.31 for shallow soils compared to 0.92 to 2.73 for deeper soils. On average Quo
values were found to be higher for shallow soils from burned sections compared to unburned
sections. This trend was also observed for deep soils as well with higher Qio for burned sections
compared to unburned sections. There was high variation in values obtained for Qio comparing
rates between 18 and 27°C, ranging from 0.92 to 4.11
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Figure 13. Potential steady-state DOC export rates measured using FTR experiments for the four
sampling locations in response to temperatures of 9 (blue), 18 (green), and 27°C (red), for (a)
the shallow soil interval (0-2 cm) and (b) the deeper soil interval (15-17 cm). Different letters
denote significant differences at p <= 0.05. Letter’ represents differences at p <= 0.1

Table 3. Q1o values reported for each site and depth combination for potential DOC production
rates. Values are reported pairwise for temperatures at which flow-through reactor columns
were incubated.

Site + Depth Qu(9- Q0 (18- Qo (9-
18) 27) 27)
Burned 1 (0-2 cm) 2.36 0.88 1.44
Burned 2 (0-2 cm) 1.83 0.64 1.08
Burned 3 (0-2 cm) 3.58 0.36 1.13
Unburned (0-2 cm) 2.13 1.22 1.61
Burned 1 (15-17 cm) 1.46 1.18 1.31
Burned 2 (15-17 cm) 7.59 0.55 2.04
Burned 3 (15-17 cm) 2.96 0.34 1.01
Unburned (15-17 cm) 1.82 3.94 2.68

Figure 13 shows the steady-state potential DOC export rates measured for all sites and depths,
and in response to three temperatures, while Table 3 summarizes the Qi calculated from those
rates. Burned site 2 exhibited the highest DOC export rates, significantly different (p = 0.028)
from the others with rates increasing from approximately 1.0 to 2.5 uygCcm™=h"as
temperatures increased from 9°C to 27°C. Burned sites 1 and 3 had lower DOC production rates,
ranging from 0.5 to 1.5 pg C cm™ h™', while the unburned site had the lowest rates (< 0.5 pg C
cm™3 h™") across all temperature treatments. Flow through reactor experiments carried out at
18°C produced the highest DOC (p << 0.05) compared to experiments at 9 and 27°C. Shallower
soils produced significantly higher DOC compared to deeper soils (p << 0.05). Deeper soils from
burned sections also produced significantly higher DOC compared to unburned sections (p =
0.012).

Quo values listed in Table 3 varied widely between 0.34 and 7.59. These values were the lowest
when comparing rates between 18 and 27°C compared to the two other pairwise comparisons.
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Unburned sediments had all of their Q1o values greater than 1 whereas rates obtained from

burned wetland soils varied more in comparison.
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Figure 14. Potential steady-state DIC export rates measured using FTR experiments for the four
sampling locations in response to temperatures of 9 (blue), 18 (green), and 27°C (red), for (a)

the shallow soil interval (0-2 cm) and (b) the deeper soil interval (15-17 cm). Different letters

denote significant differences at p <= 0.05. Letter’ represents differences at p <= 0.1

Table 4. Qi values reported for each site and depth combination for potential DIC production

rates. Values are reported pairwise for temperatures at which flow-through reactor columns

were incubated.

Site + Depth

Burned 1 (0-2 cm)
Burned 2 (0-2 cm)
Burned 3 (0-2 cm)
Unburned (0-2 cm)
Burned 1 (15-17 cm)
Burned 2 (15-17 cm)

Q10 (9-
18)

18.89
21.70
9.80

15.43
12.50
11.82

Q1o (18-
27)

2.02
1.68
3.02
2.17
2.39
3.46

Q1o (9-
27)

6.18
6.03
5.44
5.79
5.46
6.40
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Burned 3 (15-17 cm) 1357  2.52 5.85
Unburned (15-17 cm) 18.78  1.90 5.97

Figure 14 shows the steady-state potential DIC export rates measured for all sites and depths,
and in response to three temperatures, while Table 4 summarizes the Qi calculated from those
rates. For each temperature tested, DIC production rates were very similar for the four study
sites. Additionally, there was a strong positive effect of temperature, for all sites, with all
differences between rates measured at different temperatures being statistically significant (p
<<< 0.05). Burned site 3 had the highest DIC production rates at 27°C (p < 0.05) (approx. 3.5 ug
C cm™ h™), while Burned site 2 had the highest rate at 9 and 18°C (approximately 2.5 ug C cm™3
h™"). The unburned site, on average had slightly lower DIC production rates at the highest
temperature, but similar and slightly higher rates at the lowest and intermediate temperature
respectively. Deep soils from burned site 2 had slightly higher DIC concentrations (p = 0.87)
compared to the other burned and unburned site. A similar trend of increasing rates concurrent
with higher temperatures was also observed for deep soils (p << 0.05).

Qo values ranged from 1.68 to 21.7 for DIC rates across burned and unburned shallow and deep
soils. The variability was noticeably higher for shallow soils from burned site 2, however there
was a general trend of high Qo values comparing DIC production rates between 9 and 18°C.
Values were lower when comparing the intermediate and the highest temperature.
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Figure 15. Potential steady-state methane export rates measured using FTR experiments for the
four sampling locations in response to temperatures of 9 (blue), 18 (green), and 27°C (red), for
(a) the shallow soil interval (0-2 cm) and (b) the deeper soil interval (15-17 cm). Different letters
denote significant differences at p <= 0.05. Letter’ represents differences at p <= 0.1

Table 5. Q1o values reported for each site and depth combination for potential methane
production rates. Values are reported pairwise for temperatures at which flow-through reactor
columns were incubated.

Site + Depth Qu0(9- Q0(18- Qo (9-
18) 27) 27)
Burned 1 (0-2 cm) 1.23 1.38 1.30
Burned 2 (0-2 cm) 1.31 1.35 1.33
Burned 3 (0-2 cm) 1.40 1.20 1.29
Unburned (0-2 cm) 1.65 1.25 1.44
Burned 1 (15-17 cm) 1.18 1.31 1.24
Burned 2 (15-17 cm) 1.43 1.22 1.51
Burned 3 (15-17 cm) 1.36 1.26 1.62
Unburned (15-17 cm) 1.39 1.11 1.23

Figure 15 shows the steady-state potential CH4 export rates measured for all sites and depths,
and in response to three temperatures, while Table 5 summarizes the Qi calculated from those
rates. For all temperatures, the burned soil exhibited significantly higher methane production
rates for shallow and deep soils, particularly at 27°C (approximately 0.10 pg C cm™3 h™"), while
the three burned sites had lower rates ranging from 0.04 to 0.08 pg C cm™3 h™', with no
significant differences between them for each temperature tested

The effect of temperature on methane production rates varied across the sites, with the
unburned site, on average, showing a more pronounced increase at higher temperatures
compared to burned sites. Qio values for methane production ranged from 1.11 to 1.65 across
the three temperatures tested in flow-through reactor experiments for shallow and deep soils.
There was a general trend of gradual increase in methane production rates from 9 to 18 to 27°C,
as indicated by the rates listed in Table 5.
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Figure 16. PCA plot of the four measured variables from the FTR experiments.

The PCA plot shown in Figure 16 additionally highlights relationships between all the four
potential rates measured from flow-through reactor experiments. There was higher positive
association observed between inorganic carbon and methane production rates (Pearson’s
coefficient r =0.37, p < 0.05), whereas methane production rates have little to no association

with Fe(ll) production rates.
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Figure 17. NMDS plot of all measured variables from FTR experiments. Gold, red, orange, and
forest green ellipses represent Burned 1, Burned 2, Burned 3, and Unburned measured
variables respectively.

Figure 17 shows the NMDS plot of all measured variables from FTR experiments, which
highlights a clear separation between combined GHG, DOC/DIC, and Fe(ll) production rates
from soils from unburned and burned wetland sections. This consolidates the multivariate
response variables into two dimensions, which lead to neat separation of the unburned site
from the three burned sites in question.

4. Discussion

4.1 Influence of site characteristics on greenhouse gas fluxes and export rates.

Results revealed that soils from the burned wetland sites behaved significantly differently from
soils from the unburned site in terms of greenhouse gas fluxes, dissolved carbon and reduced
iron export rates from the unburned section, especially within shallow soils.

The production of CO2 measured in both slurry and FTR experiments were higher in burned soils
compared to unburned soils, probably driven by the lower C/N ratios observed in the former.
This suggests that fires and subsequent inputs of pyrogenic carbon had a positive stimulating
effect on microbial mineralization of organic carbon in the short-term, potentially through
priming. Previous research has highlighted the presence of labile or easily mineralizable
fractions in pyC, which could lead to enhanced activity of native microbial communities and lead
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to higher carbon dioxide fluxes shortly post-fire’2. Shifts in microbial communities post-fire,
favoring Actinobacteria and genes implicated in heat tolerance, rapid growth, and substrate
utilization could also explain the higher mineralization rates for burned sites compared to
unburned sites observed in our experiments3%73, Increased Fe(ll) fluxes, positively associated
with DOC and carbon dioxide fluxes, have also been shown to be elevated due to the electron-
shuttling ability of pyrolic and pyridinic nitrogen which constitutes pyrogenic organic matter
(pyOM)74, This could explain the higher porewater nitrate concentrations in the burned sites,
compared to the unburned site. PyC inputs can also physically alter the structure of wetland
soils, by promoting aggregation and preferential flow-paths for the access of microbes to
organic carbon3. They are also known to promote enhanced microbial activity by increasing the
pH, mineralizing organic N and S, which can be readily utilized by microbes’®. Additionally, they
have been known to increase the redox potential inside soils, due to their ability to store
electrons’®. Therefore, they can behave as “electron snorkels”, speeding up nitrate and Fe(lll)
reduction leading to higher carbon dioxide fluxes, most notably at the expense of methane
emissions’’. Higher Fe(ll) export rates for burned soils compared to unburned soils also reflect
this enhanced redox potential due to the addition of pyrogenic matter. Our results suggest that
fires increase reduction of Fe(lll) oxides in soils leading to higher fluxes of carbon dioxide and
DOC, which was reflected in the strong correlation between DOC and Fe(ll) production rates and
concentrations in the burned sites observed in the correlation and PCA ordination plots . It was
also evident that methane fluxes and production rates were significantly lower for burned sites
compared to the unburned site, supporting the theory that pyrogenic matter serves as an
electron snorkel and shuttle for electrons stored within reduced organic matter in anoxic
systems, increasing the redox potential and thereby decreasing methane production.

Measured fluxes of CO2, CH4, and N2O were lower than values reported for northern wetlands
and other wetland geographies 7878. A reason for this could be low mean temperatures which
would limit microbial mineralization of organic matter due to energetic limitations.

The highest Fe(ll) reduction rates, DOC production rates, and CO> fluxes from slurry incubations
were observed for Burned site 2, which also possessed the highest concentrations of oxalate-
extractable iron oxides, a proxy for reactive iron oxides in soils, and the substrate for iron
reducing bacteria. These oxides are known to stabilize up to 22% of all carbon in sediments8%-82
which would explain higher rates of reduced iron for this particular site. On close observation of
Table 1, it seems clear that the fire event was the dominant driver of differences in chemical
properties between the sites, especially since these differences diminished at depth. Given that
the percent ash, a proxy for pyrogenically derived carbon, varied significantly between burned
and unburned sites, this would suggest that the differences in carbon and iron cycling could be
explained by differences in ash content, or inputs of pyrogenic carbon.
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4.2 Temperature sensitivity of measured production rates.

Results from Table 2 indicate significantly higher DIC rates observed for the incubations carried
out at 27°C which explains lower DOC rates for the same temperatures. In tandem, Figures 12
and 13 suggest that at the highest temperature, the missing DOC might be reflected in the high
DIC concentrations observed for the same temperature. At higher temperatures, microbial
activity is elevated, therefore the DOC in the output solution would have been mineralized to
CO; leading to elevated DIC concentrations, a trend observed in a previous study investigating
temperature-dependent Fe(lll) reduction in subalpine wetland soils®3.

Qjo values for DOC production for burned and unburned shallow soils reached as high as 3.58,
agreeing with previous estimates made for a spodosol rich forest®® where values ranged from
1.7-2 for dry to wet soils. A study looking at temperature sensitivity of peatlands in the UK
estimated Qo values ranging from 1.84 to 3.53 spanning high and low water table regimes?4,
also spanning similar ranges as our study. However, Qi values for deep soils in our experiments
went as high as 7.56, indicating higher thermal sensitivity than shallow soils and published
estimates.

For DIC production rates, proxy for soil respiration rates, rates were found to be similarly
variable for burned and unburned shallow and deep sediments, ranging from 1.68 to 21.7,
much higher than estimates from Chari et.al®® who used soils from the Sacramento-San Joaquin
Delta and Puerto Rico. However, measured values are consistent with Q1o estimates from
modeling approaches on wetlands in Michigan where values as high as 16.4 were measured?®,
and a global dataset spanning different ecosystems, where values could go as high as 300 for
tundra soils and around 30 for peat and mineral wetlands®®.

Measured Qio values from our experiments fell within a narrow range, 1.11-1.65, which would
be on the lower end of values measured from northern Sweden (1.2-3.5)%’. In fact, adjacent
mires from northern Sweden were found to have values as high as 5.8%8. However, they agreed
well with values measured for methanogenesis in paddy soils from China (1.1-2.3)% incubated
between 5-35°C.

Quo values from our experiments for Fe(ll) production rates for burned and unburned sites
ranged from 0.92 to 4.31, with higher values on average measured for burned shallow soils.
Flow-through reactor experiments from a subalpine wetland in the Rocky Mountain National
Forest using an organic Fe complex spanning 6-18°C estimated Qio values spanning 1.5-8.9 for
depression and slope wetland soils>°. A study from the same wetland using a different approach
with no supplied Fe estimated values between 0.8 to 5.3%. Studies from freshwater lake soils in
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China supplemented with biomass and pit lake sediment from Germany®® supplemented with
iron hydroxides estimated values spanning 1.2-3.54%8 and 1.8-2 respectively. Given the limited
data on Fe(lll) reduction/Fe(ll) production, our values are consistent with previous literature.

4.3 Implications for wetland carbon sequestration and water quality.

Given that fires are predicted to increase in frequency and intensity due to warmer
temperatures, it is crucial that we understand their effects not just on dryland soils but also in
critical high-altitude subalpine wetland systems. Wildfires are known to increase emissions of
greenhouse gases and lead to elevated dissolved organic carbon concentrations due to high-
temperature oxidation of accumulated organic matter in wetland soils®. It is less clear whether
these emissions persist post-fire, both on shorter and longer temporal scales. Our experiments
fill a critical gap in the literature by shedding light on short-term greenhouse gas dynamics via
slurry and flow-through reactor soil experiments. Broadly, it appears from these experiments
that there is a shift in greenhouse gas emissions and C sequestration in response to fire and
subsequent inputs of fire-derived pyrogenic matter in these subalpine wetlands. This
underscores the importance of fire-derived organic matter in shaping biogeochemical processes
and microbial activity in these ecosystems. Overall, this analysis highlights the intricate coupling
between carbon and iron cycling in wetland soils and how this relationship is influenced by fire
events. Additionally, high DOC fluxes post-fire pose a challenge to environmental engineers and
water filtration systems for cities dependent on subalpine wetlands for their drinking water. It
also underscores the importance of post-fire sampling and consideration of short-term GHG
fluxes in response to pyrogenic matter additions. Subalpine wetlands have been considered as
sinks of carbon, due to their lower temperatures and high gross primary productivity®?°3, which
makes this work important both for the continued ability of these systems to sequester carbon,
and broadly for the global carbon cycle.
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Chapter 2: Assessing the impact of increasing nitrate and salinity levels on dissolved organic
carbon and greenhouse gas fluxes spanning a salinity gradient in the Sacramento-San Joaquin
Delta

1. Introduction

Wetlands are crucial to the global carbon cycle, acting as exceptional carbon sinks by
sequestering atmospheric carbon dioxide through plant photosynthesis and the accretion of
organic matter in soils®*. In fact, despite comprising a small percentage of the global landmass
(6-8%), wetlands comprise 20-30% of the global carbon pool'®®>. They also store carbon at
higher densities and rates than any other ecosystem on our planet®®. However, their capacity to
sequester carbon is influenced by a suite of environmental factors, and some wetlands actually
act as carbon sources rather than sinks®”. Disturbance, such as increasing salinization®® and
increasing nitrate loading®'%° have been shown to compromise wetland carbon sequestration
capacity and increase fluxes of nitrous oxide (N20), a greenhouse gas with a global warming
potential (GWP) 300 times greater than CO2'% . This is particularly important in the
Sacramento-San Joaquin Delta, a critical wetland ecosystem in California that increasingly faces
challenges related to salinization from sea level rise and nitrate loading from agriculture and
wastewater effluents0%103,

The Sacramento-San Joaquin Delta (Figure 18), or the Delta, is an expansive web of rivers,

104 provides water for millions of

channels, and islands that supports a diverse array of wildlife
Californians®>1%, and plays a crucial role in the state's agricultural economy. The Delta was
once an expansive 2,200 km? wetland and riparian zone, but has been rapidly shrinking and
sinking since drainage beginning in the 1850s!%7108 The initial land use was primarily
agriculture, but it expanded to grazing, salt production, and later urbanization. Due to drainage,
the previously inundated accreted peat and organic matter were exposed to oxygen, resulting in
a loss of around 200 Tg of carbon over the past century'® and to dramatic land surface
subsidence. Currently, the Delta provides drinking water through a series of canals to more than
two-thirds of California’s population through the Central Valley and State Water projects*1°.
Since the 1970s, the Delta also has been the site for extensive wetland restoration projects to
mitigate the surrounding areas from sea level rise and flooding, in addition to providing habitat
for birds, fishes, and creation of recreational areas. More recently, attention with respect to the

Delta has shifted to reducing GHG emissions and therefore the potential of these restored
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wetlands as a natural climate solution for carbon sequestration. However, the Delta is also
highly vulnerable to the impacts of salinization!!. Sea-level rise, coupled with reduced
freshwater inflows due to upstream diversions and climate change, has led to increased salinity
intrusion in the Delta'’?113, Furthermore with climate change and changing patterns of
precipitation and evaporation, decrease river discharge due to shrinking of glacial cover in the
Sierra Nevada will lead to the upriver migration of the saltwater-freshwater mixing zone!'#. This
salinization can shift wetland plant communities, reduce gross primary productivity and
decrease carbon inputs, and affect soil microbial processes, all of which can impact the carbon
balance of these ecosystems!”115116 |ncreasing salinization has been known to increase!>1%7,
decrease'8, or not impact carbon dioxide emissions***29 from wetland soils. Saltwater has
higher concentrations of sulfate (S042), which can also shift wetland function from
methanogenesis to sulfate reduction due to thermodynamic favorability, known to increase
organic matter mineralization and decrease production of methane®?!. Increasing salinization
has also been linked to reduced denitrification rates'?%123, decreasing nitrous oxide emissions.
However, increase in nitrate concentrations due to higher organic matter mineralization rates
has been known to lead to higher nitrous oxide emissions*?*. In any case, site specific processes
have been agreed upon as important predictors of wetland nitrous oxide response to
salinization'2>126, This necessitates further experimental study from different wetland
geographies and site characteristics, the Delta being a prime candidate in this regard.

Additionally, the Delta has historically received higher nitrate inputs from agricultural runoff and
wastewater discharge!??, also coinciding with soils rich in nitrogen'?’, and this trend is projected
to intensify in the future 12812°, While nitrate enrichment can lead to higher plant growth and
gross primary productivity (GPP) in the short term leading to higher carbon sequestration®3°,
excessive nitrate levels can lead to eutrophication, causing algal blooms, oxygen depletion, and
shifts in plant communities. In fact, wetlands receiving elevated nutrient (nitrogen and
phosphorus) loads have shown responses ranging from release of sequestered carbon to an
increase in carbon sequestration and N2O fluxes by orders of magnitude'3! 132, Global modeling
of greenhouse gases has indicated that agricultural activities, including nitrogen fertilization has
increased N,0O emissions by 13% in wetlands in the Northern Hemisphere. Fertilization also led
to higher carbon emissions, however it also sequestered an equal amount of carbon and
nitrogen through elevated gross primary productivity (GPP)!32,

Conversely, in wetlands experiencing sustained elevated nutrient loading, especially adjacent to
agricultural systems, a reduction in nitrate removal efficiency has also been observed?!33. This
can be explained by the fact that wetlands, similar to other ecosystems, also possess intrinsic
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nutrient processing/carrying capacities and are already working at their maximum limit to
metabolize excess nutrient loads34.

Given the ecological, economic, and social importance of the Sacramento-San Joaquin Delta, it
is essential we understand how salinization and nitrate loading will influence carbon
sequestration and GHG emissions. This becomes especially important considering the trend of
converting agricultural land to wetlands for carbon storage in the Delta and instrumentalization
through carbon crediting and offsets'3>. Here, we assessed the potential of wetland soils from
sites spanning a salinity gradient in the Sacramento-San Joaquin Delta to produce greenhouse
gas and export dissolved organic carbon, and how those would respond to increasing salinity
and nitrate loading.

2. Methods

2.1 Study sites

Our study focused on three sites in the Sacramento-San Joaquin Delta that are located within a
narrow geographic zone (Figure 17) and constitute sites characterized by different salinities. The
sites on Twitchell Island (West Pond and East End) are non-tidal and therefore have a low
salinity (0.19 and 0.22 ppt respectively), whereas Dutch Slough is tidally connected and has a
higher salinity (0.48 ppt). Salinity measurements were taken from water samples collected in
July 2022. All three sites have similar mean annual precipitation (338 mm) and air temperature
(around 16°C). West Pond and East End have been extensively studied in the past for their
carbon fluxes on larger spatial scales®”*3¢, with eddy covariance (EC) towers established in 2012
and 2014 respectively, whereas Dutch Slough is a relatively new site with its EC tower
established in 202137, The dominant vegetation across the sites is cattail and tule grasses, as
they were brought in to stabilize berms from persistent wind and water-mediated soil erosion.

Soils on Twitchell Island feature a complex patchwork of alluvium Mollisols adjacent to peat
Histosols which were separated from main river channels, which accumulated organic matter
over the last hundred or so years'38. The East End site was established on alluvium soils whereas
West Pond was established on peat-rich Histosols. The three sites were sampled in June 2022.
Triplicate topsoil cores were taken to a depth of 5 cm of mineral soil at each site within the flux
footprint of the EC tower and immediately transferred to a cooler with ice to prevent
biogeochemical changes. Shallow depths were sampled as soil cores contained peat-like organic
matter at the top which was discarded, and we were more interested in incubating mineral soils
underneath that contain higher concentrations of native electron acceptors known to influence
greenhouse gas production. Grab water samples totaling 50 mL were taken in triplicate at each
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location nearby plants adjacent to the EC tower and instantly acidified with 2% HNOs to prevent

oxidation of redox-relevant dissolved ions.
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Figure 18: Location of the three study sites. US-Tw1 corresponds to West Pond, US-Tw4
corresponds to East End, and US-Dmg corresponds to Dutch Slough.

2.2 Sediment and surface water characterization

Water samples were acidified with dilute (2% w/v) HNOs to preserve chemical speciation of
dissolved Fe and N cations/anions. Relevant extractable anions and cations were measured
using a Dionex ion chromatograph (IC) (electrochemical detector, ED40; analytical column,
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AS23/AG23; anion self-regenerating suppressor, ASRS-I, 4 mm; mean detection limit: 30 ug/L,
error: 5 pug/L ) supplied with a carbonate eluant (7.2 mM Na;CO3 and 1.28 mM NaHCOs) at a
flow rate of 1.0 mL min™L.

Our study focused on mineral soil, which was collected and analyzed after discarding the O
horizon, which overlaid soils from all three sites. Soil dry bulk density was determined by drying
a known volume of soil for 24 hours at 105°C. Soil pH was measured in a soil slurry after
suspending 5g of soil in a 10 mM CaCl, solution®?. Total % organic carbon and nitrogen was
measured by combusting 30 mg of dried soil using a NC 2100 Elemental Analyzer (CE
Instruments, USA). Oxalate-extractable Fe, used as a proxy for poorly-ordered oxides more likely
to participate in redox reactions, was determined using Schwertmann’s protocol*.

2.3 Slurry experiments

Slurry experiments were performed in order to quantify the effect of nitrate concentrations and
salinity on potential greenhouse gas (CO2, CHs and N20) production in soils from our three study
sites (section 2.1). These experiments allow for direct comparison with literature from similar
slurry experiments from soils in published literature. Anoxic slurry experiments were conducted
in 125 mL serum bottles, using a 1:4 (w/w) wet soil: deionized water mixture. Soils from 0-5 cm
were homogenized prior to the incubation. The slurries were incubated under gentle orbital
shaking to maintain the soil in suspension, and experiments lasted 7 days with temperature
maintained at 25°C. Prior to the incubation, the serum bottles were evacuated, and the
deionized water was flushed with N3 to remove most O, from both systems. Slurries were
sampled for water and gas samples. This was performed with higher frequency for the first six
hours, and subsequently daily lasting 7 days, for water and gas samples. This was done to
capture the gas fluxes from the initial kinetic phase of reactions implicated in greenhouse gas
production, especially N2O, known to be driven by ‘hot spots and hot moments’ in the soil
continuum?®*®, An equal amount of N2 was injected into the bottles to maintain vapour pressure
during gas sampling.

In a first series of experiments, nitrate concentrations were varied (0, 1, 2 and 3 ppm, as KNOs)
while salinity remained constant (0 ppt), in order to test a range of concentrations covering
values similar to what has been reported, -1.5 ppm*%141 but also values that represent
scenarios in which nutrient loading from agriculture and effluents increase. In a second series of
experiments, salinity was varied (0, 1, 2 and 3 ppt using NaCl) while nitrate remained constant
(0 ppm), in order to test scenarios where saltwater intrusion affects freshwater wetlands due to
sea level rise®®102,
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Liquid samples were filtered through a 0.22 um PTFE membrane syringe filter (Whatman; 25
mm filter size) prior to chemical analyses. Liquid samples were analysed as described in Section
2.2. Gas samples were analysed on an Agilent 7890B GC (Agilent, Santa Clara, CA) for CO,, CHa,
and N0 using thermal conductivity, flame ionization, and nitrogen chemiluminescence
detectors (TCD, FID, and NCD) respectively. Concentrations of CO,, CHs, and N2O were then
used to calculate potential CO, CH4, and N;O fluxes according to:

1% AC
F= A*m*E (1)

Where F is the gas flux (umol [CO2 or CH4] g soil* m? s72), V is the volume of the slurry, A is the
area of the serum bottle cross-section, AC is the gas concentration difference between
consecutive time points (mol m= [CO,, CH4, and N20]), m is the mass of dry soil, and At is the
time increment. Values were converted from ppm to mol m- using the ideal gas equation.

Two potential fluxes of CO,, CHs and N0 production were calculated from the initial linear
increases (0-24 hr) in CO2, CHa4, and N2O concentration, respectively and final stable values (> 96
hr)

2.4 Statistical analyses

All statistical analyses were carried out in R%, Differences between all measured water, soil, and
gas variables were determined using a t-test with a threshold of p <= 0.05. Tukey’s honest
significance difference test was used to determine which sites, if found significant (a = 0.05),
were different. Pearson’s correlation coefficients were calculated between measured water, soil,
and gas variables and visualized using the ‘corrplot’ function in R7°. Multivariate analyses were
performed to evaluate differences in water, soil, and gas concentrations. Given these
concentrations vary by orders of magnitude, it was desirable to relativize them by column totals
through the ‘decostand’ function using the ‘vegan’ package’?. These were then visualized using
Principal Components Analysis (PCA) ordinations. PCA was performed in R using the ‘prcomp’
function which is a part of the ‘stats’ package?®.

3. Results
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3.1 Soil characteristics

Table 6. Physical and chemical characteristics of surface mineral soils (depth interval 0-5 cm)
and selected chemical characteristics of surface waters from the three study sites. Values are
reported as mean obtained from triplicate samples. Different superscripted letters indicate
significant differences at p<=0.1. Standard deviations were <30% of measured values.

Site characteristics

Soil (0-5 cm)

Sand

Silt

Clay

Textural class

Dry bulk density

pH

Corg content (%)

Total N content (%)

Molar Corg:N ratio

Extractable Fe content (mg g of soil ™)
Extractable Mn content (mg g of soil ™)
Extractable Al content (mg g of soil ™)
Extractable Ca content (mg g of soil ™)
Surface water

Salinity (ppt)

NH.* concentrations (ppm)

NOs" concentrations (ppm)

ClI concentrations (ppm)

S042 concentrations (ppm)

Dutch Slough

79.6+13.52
10.1+2.32
11.1+£3.12
Loamy sand
1.22+.292
7.57+.36°
7.89+1.192
0.47+.062
17.54+1.152
2.17+.332
0.12+.03?
1.41+.232
44.32+£10.712

0.48+.06
1.67+.442
0.27+.03?
267.81+15.39°
20.87+4.112

East End

55.2+11.2°
33.246.7°
12.4+2.62
Loam
1.07+.18°
5.96+.44°
15.32+3.65°
0.91+.14°
16.38+3.112
11.89+2.96°
0.78+.17°
5.59+1.14°
121.42+20.39°

0.22+.03
1.19+.16°
0.86+.17°
122.31+15.32°
0.78+.11°

West Pond

59.3+7.75°
21.2+3.4°
20.1+4.7°
Sandy clay loam
1.16+.252
6.49+.29°¢
18.95+2.77°
0.93+.22°
19.17+2.792
8.16+1.47°¢
0.31+0.06°
3.27+0.55°¢
78.13+15.52°¢

0.19+.02
2.12+.079°
0.13+.03°
110.57+20.91°
0.56+.09¢

Dutch Slough was characterized by soils that had significantly lower Corz and N contents (p =

0.008, 0.01), as well as significantly lower contents of extractable Fe, Mn, Al and Ca and a higher

pH (7.9 versus <6.5 for the other two sites). The Dutch Slough site was also characterized by

statistically significantly higher SO4% and CI- concentrations in surface water, by factors of 27-37

and 2.1-2.4, respectively. East End soils had significantly higher contents of Fe, Mn, Al and Ca
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than those of West Pond, but lower Corg and N content and a more acidic pH. Its surface water
was characterized by slightly higher NOs", ClI-and SO4% concentrations than the one of West End.
All of the sites had similar Corg/N ratios. Most of our measured physical and chemical
parameters for West Pond and East End agree well with previous measurements made for the

two sites42143,

3.2 Greenhouse gas emissions in response to nitrate addition
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Figure 19. Effect of nitrate concentrations on CO, concentrations produced over time in slurry
experiments with top soil (0-5 cm) from the sampled Delta sites. Salinity was set at 0 ppt. Error
bars represent standard deviations from triplicate experiments for each time point found not to
exceed >40% of measured value for individual time points.
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Figure 20. Average CO; fluxes calculated for the initial rapid evolution phase of the slurry
experiments, spanning measurements taken from 1-24 hours in conditions with 0 (red), 1
(orange), 2 (blue) and 3 (green) ppm of nitrate. Different letters indicate significant differences
at p<=0.05. Letter’ represents differences at significance level p <=0.1.

Figure 19 shows the temporal evolution in CO; concentrations in slurry experiments in response
to various nitrate concentrations, while Figure 19 shows the corresponding initial (first 24h) CO;
fluxes. For control experiments with no nitrate amendments, CO, concentrations and their
evolution (Figure 19) as well as initial CO; fluxes (Figure 20) were not found to be significantly
different between the sites. in response to various concentrations of nitrate, both average
cumulative CO; concentrations (Figure 19) and CO; fluxes (Figure 20) were significantly different
between sites (p < 0.05). On average, East End slurry incubations produced the highest
cumulative CO; concentrations from slurry experiments compared to West Pond and Dutch
Slough. CO; concentrations tend to level off for lower-nitrate treatment levels but keep
increasing for higher nitrate treatment (Figure 18). East End was also characterized by the
highest initial CO; fluxes in response to 3ppm of nitrate, however, the highest initial CO; fluxes
in response to 1 and 2ppm concentrations of nitrate were reported for Dutch Slough (Figure 20).
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Figure 21. Effect of nitrate concentrations on log transformed methane concentrations
produced over time in slurry experiments with top soil (0-5 cm) from the three study sites.

Salinity was set at 0 ppt. Error bars represent standard deviations for triplicate experiments for
each time point.

0.050

—_— -
2 b

I

1S b )
T 0.025- b Nitrate level (ppm)
o s b

g) a . - ‘ 0
—_ ) a’ i

g ¥ 4 a =
S E a

2 0.000- - e —== ol
g o Ed s
=

(=

<r

I

(@)

-0.0254 . *
-
Dutch Slough East End West Pond

Wetland

Figure 22. Average CH, fluxes calculated for the initial rapid evolution phase of the slurry
experiments, spanning measurements taken from 1-24 hours in conditions with 0 (red), 1
(orange), 2 (blue) and 3 (green) ppm of nitrate. Different letters indicate significant differences
at p<= 0.05. Letter’ represents differences at significance level p <=0.1.
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Figure 21 shows the temporal evolution in CHs concentrations in slurry experiments in response
to various nitrate concentrations, while Figure 22 shows the corresponding initial (first 24h) CH4
fluxes. For control experiments with no nitrate, Dutch Slough exhibited the highest CHa4
concentrations across the three sites (Figure 21), followed by West Pond and East End, whereas
CHg4 fluxes were similar for Dutch Slough and West Pond, and lower for East End soils (p =
0.032). Incubations carried out with no pre-existing nitrate in the solution produced the highest
concentrations across all three sites. In response to addition of 1 ppm nitrate,
CHasconcentrations decreased steeply for Dutch Slough, followed by West Pond and East End.
However, CH4 fluxes were not found to be significantly lower for Dutch Slough and East End, but
significantly lower for West Pond (p = 0.067). In response to addition of 2 ppm nitrate, there
was no detectable methane produced in the slurry experiments for East End until the latter half
of the experiment for the higher nitrate treatments (Figure 21). West Pond also had low CH4
fluxes for 2 ppm nitrate amendments, significantly lower than the 1 ppm incubation (p = 0.077).
Dutch Slough’s CH4 fluxes were also significantly lower for 2 ppm compared to 1 ppm (p =
0.021). Finally for 3 ppm concentrations, we measured higher CH4 fluxes from Dutch Slough soils
(p =0.018), however no CHs was detected for experiments with East End soils. Fluxes from West
Pond soils were not found to be significantly different between 2 and 3 ppm nitrate
amendments, however they were not significantly different from zero.

Dutch Slough East End West Pond
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Figure 23. Effect of nitrate concentrations on log transformed nitrous oxide concentrations
produced over time in slurry experiments with top soil (0-5 cm) from our three study sites.
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Salinity was set at O ppt. Error bars represent standard deviations from triplicate experiments
for each time point, found not to exceed >40% of measured value.
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Figure 24. Average log-transformed N2O fluxes calculated for the initial rapid evolution phase of
the slurry experiments with top soil (0-5 cm), spanning measurements taken from 1-24 hours in
conditions with 0 (red), 1 (orange), 2 (blue) and 3 (green) ppm of nitrate. Different letters
indicate significant differences at p<= 0.05. Letter’ represents differences at significance level p
<=0.1.

Figure 23 shows the temporal evolution in N2O concentrations in slurry experiments in response
to various nitrate concentrations, while Figure 24 shows the corresponding initial (first 24h) N.O
fluxes. Log transformation was performed for ease of visual representation. For control
experiments with no nitrate, we observed significantly higher N,O fluxes for East End (p <<
0.05), with no differences observed between West Pond and Dutch Slough (Figure 24). Each
increase in nitrate concentrations led to increases in N,O concentrations for time points after
50h, for all sites (Figure 23), with higher N,O concentrations observed for East End. Similarly,
N,O fluxes increased significantly (p << 0.05) over control for 1 ppm nitrate experiments for all
three sites, and also increased significantly in response to increase in nitrate concentrations
from 1 to 2ppm for all sites (Figure 24). Similarly, N2O fluxes tended to increase significantly (p
<< 0.05) over control for 1 ppm nitrate incubations for all three sites For 3 ppm nitrate
incubations, there was a statistically significant decline in N,O fluxes for East End (p = 0.028),
whereas Additionally, N;O fluxes increased significantly for West Pond and Dutch Slough in
response to increase in nitrate concentrations from 2 to 3 ppm(p = 0.59 and 0.021 respectively),
but decreased significantly for East End (p = 0.028).
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Figure 25. Correlation plot of all measured response variables from the slurry experiments.
Fe(ll), NH4*, NO3’, SO42and DOC were measured from aqueous samples post filtering.
Correlation coefficients are reported at a threshold of p <= 0.05.

The correlation plot in Figure 25 details all relevant associations between measured chemical
parameters in the slurry experiment. DOC and CO; were found to be strongly positively
correlated to each other. They were also both significantly negatively correlated with nitrate and
sulfate concentrations in solution. This means that as nitrate and sulfate declined, CO, and DOC
fluxes increased throughout the experiments. There were also significant associations between
different nitrogen compounds and ions measured in the experiment. NH4* concentrations were
strongly negatively correlated with NO3™ concentrations, while N,O fluxes were positively
correlated with NOs concentrations. Fe*? concentrations were also found to be negatively
correlated with NO3™ and SO42 concentrations, whilst being positively associated with DOC

fluxes from these experiments.
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Figure 26. NMDS plot of all measured variables from the slurry experiments. Red, blue, and
forest green ellipses represent measured variables from Dutch Slough, East End, and West Pond
soils respectively.

NMDS ordination, shown in Figure 26, highlights the degree of similarity or differences between
the three wetland sites with respect to all measured parameters. There was higher degree of
overlap between East End and West Pond wetland soils compared to Dutch Slough and East
End.
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3.3 Greenhouse gas emissions in response to salinity
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Figure 27. Effect of salinity on CO, concentrations produced over time in slurry experiments
with top soil (0-5 cm) from our three study sites. Nitrate concentration was set at 0 ppm. Error
bars represent standard deviations from triplicate experiments found not to exceed >40% of the
value at a particular time point.
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Figure 28. Average CO; fluxes calculated for the initial rapid evolution phase of the slurry
experiments with top soil (0-5 cm), spanning measurements taken from 1-24 hours in
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conditions with 0 (red), 1 (orange), 2 (blue) and 3 (green) ppm salinity level. Different letters
indicate significant differences at p<= 0.05. Letter’ represents differences at significance level p
<=0.1.

Figure 27 shows the temporal evolution in CO; concentrations in slurry experiments in response
to various salinity, while Figure 28 shows the corresponding initial (first 24h) CO; fluxes. The
absolute CO; concentrations and their temporal evolution were affected by salinity for all sites
(Figure 27). For the three sites, higher salinity led to a faster production of CO; and higher
concentrations for early time points, but also to lower concentrations for the later part of the
experiments (>70h). The highest CO, concentrations were reported for the control slurry
experiments with 0 salinity. At higher salinity levels, CO; fluxes seemed to asymptote at West
Pond and East End, but not for Dutch Slough where concentrations kept increasing, even if they
are lower in magnitude compared to control incubations. For fluxes calculated for control
experiments, West Pond exhibited statistically higher fluxes compared to East End and Dutch
Slough (p = 0.47) (Figure 28), however, this site was characterized by the lowest CO; fluxes for all
other salinity values. For 1 ppt incubations, East End exhibited the highest CO; concentration
decline out of the three sites, followed by West Pond and Dutch Slough. There were also
statistically significant declines in CO; fluxes for all three sites, with West Pond showing the
steepest decline (p = 0.011) followed by Dutch Slough and East End (p = 0.062 and 0.057
respectively). 2 ppt incubations produced the steepest declines in Dutch Slough and West Pond
soil CO; concentrations, with East End concentrations slightly higher than 1 ppt incubations.
However, fluxes for East End soils increased significantly (p = 0.036), although this trend was not
seen for the other two sites, with statistically significant decline in fluxes for Dutch Slough (p =
0.062 and 0.031 respectively). Finally, for 3 ppt incubations, we saw declines in concentrations
for all three sites compared to the control, however higher concentrations were observed for
Dutch Slough compared to 1 and 2 ppt incubations. There were also statistically significant
declines seen in the flux data for East End (p = 0.073) and Dutch Slough (p = 0.022), but not
found to be statistically significant for West Pond CO; fluxes, which were already not
significantly different from zero.
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Figure 29. Effect of salinity on log transformed methane concentrations produced over time in
slurry experiments with topsoil (0-5 cm) from our three study sites. Nitrate concentration was
set at 0 ppm. Error bars represent standard deviations from triplicate experiments, which for
most points were found not to exceed >30% of the measured value.
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Figure 30. Average CHs fluxes calculated for the initial rapid evolution phase of the slurry
experiments with top soil (0-5 cm), spanning measurements taken from 1-24 hours in
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conditions with O (red), 1 (orange), 2 (blue) and 3 (green) ppm of nitrate. Different letters
indicate significant differences at p<= 0.05. Letter’ represents differences at significance level p
<=0.1

Figure 29 shows the temporal evolution in CH4 concentrations in slurry experiments in response
to various salinity, while Figure 30 shows the corresponding initial (first 24h) CH4 fluxes. For
control experiments, CHs concentrations were found to be the highest for all three sites
compared to higher salinity treatments, with Dutch Slough producing the most CHasfollowed by
West Pond and East End (Figure 29). Methane production also started in East End soils 48 hours
after the start of the experiment. Stabilization of methane concentrations was observed across
all three sites and salinity treatments, which was preceded by a steep increase in concentrations
initially after the start of experiments. Dutch Slough and West Pond soils exhibited the highest
CHafluxes for control incubations (p = 0.042) compared to East End, however there were no
differences between Dutch Slough and West Pond (Figure 30). For East End and West Pond, CH4
fluxes were lower when salinity was increased, with no significant differences between fluxes
measured in experiments with a, 2 or 3ppt salinity levels (Figure 30).
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Figure 31. Effect of salinity on log transformed nitrous oxide concentrations produced over time
in slurry experiments with top soil (0-5 cm) from our three study sites. Nitrate concentration
was set at O ppm. Error bars represent standard deviations from triplicate experiments found
not to exceed >40% of the measured value at any time point.
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Figure 32. Average log-transformed N2O fluxes calculated for the initial rapid evolution phase of
the slurry experiments with top soil (0-5 cm), spanning measurements taken from 1-24 hours of
the experiment in conditions with 0 (red), 1 (orange), 2 (blue) and 3 (green) ppm salinity level.
Different letters indicate significant differences at p<= 0.05. Letter’ represents differences at
significance level p <=0.1. Lack of boxplots for Dutch Slough 3 ppt treatment and West Pond 2
and 3 ppt incubations are due to negative flux values, which cannot be log transformed.

Figure 31 shows the temporal evolution in N2O concentrations in slurry experiments in response
to various salinity, while Figure 32 shows the corresponding initial (first 24h) N>O fluxes.
Significantly higher N,O fluxes for East End (p << 0.05) were observed for control treatments
with no added salts and nitrate, with no differences observed between West Pond and Dutch
Slough (Figure 31 and Figure 32). West Pond did produce higher cumulative N,O concentrations
than Dutch Slough. For 1 ppt incubations, lower N,O concentrations were observed across the
three sites, with the exception of later time points for West Pond. Fluxes decreased significantly
in response to a 1 ppt increment in salinity over control for all three sites (p << 0.05). However,
fluxes increased significantly for Dutch Slough and East End for 2 ppt incubations (p = 0.039 and
0.011), whereas they decreased significantly for West Pond soils (p << 0.05). Concentration
profiles for 2 and 3 ppt converged to similar values for all three sites. However, fluxes did
decrease for the highest salinity treatment. Negative fluxes were observed for West Pond soils
for 2 and 3 ppt incubations, and Dutch Slough soils for 3 ppt incubations. East End soils
exhibited significantly lower fluxes at the 3 ppt treatment (p = 0.012). Log transformed N,O
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concentrations tended to stabilize at lower values for all sites and treatments with the sole
exception of control incubations with West Pond soils.
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Figure 33. Correlation plot of all measured response variables from the slurry experiments.
Fe(ll), NH4*, NO3’, SO42and DOC were measured from aqueous samples post filtering.
Correlation coefficients are reported at a threshold of p <= 0.05.

Similar to statistical analyses visually represented in Figure 33, this plot allows us to investigate
key associations between measured variables. CO; and DOC concentrations were found to
strongly positively associated, indicating enhanced mineralization of dissolved organic carbon
and conversion to CO; or dissolved inorganic carbon (DIC). CO, was also positively related with
NH4*. Fe*? is also correlated with NH4*, pointing at a complicated system of substrate utilization
and linked redox processes, which will be discussed later in section 4. Additionally, Fe*? was also
positively associated with N,O fluxes, and weakly associated with DOC in solution.
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Figure 34. NMDS plot of all measured variables from the salinity experiments. Red, blue, and
forest green ellipses represent measured variables from Dutch Slough, East End, and West Pond
soil incubations respectively.

The NMDS ordination shown in Figure 34 is similar to the one in Figure 26, with the prime
exception being that the order of polygons is reversed. Here, Dutch Slough is on top compared
to East End being on the top in Figure 26.

4. Discussion

4.1 Site characteristics

Of the three sites, East End had the highest native nitrate, extractable Fe(lll) and Mn oxides
concentrations, and the lowest C:N ratio (Table 2), indicating a higher potential to support
alternative respiration pathways leading to higher carbon dioxide fluxes compared to Dutch
Slough and West Pond. Given the relatively high C:N ratios in Dutch Slough and West Pond soils
and low nitrate in surface waters, there was also a high response to nitrate additions in both
incubations. The initial pulse and stabilization patterns observed in carbon dioxide profiles
across soils and treatment levels matches well with the initial mineralization of labile carbon
followed by slower decomposition of more chemically resistant carbon pool*4* 14>, There were
also strong associations between DOC and carbon dioxide concentrations, indicating higher
vertical and horizontal losses of carbon in response to additions of nitrate. Salinity treatments
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led to lower carbon dioxide fluxes across all treatment sites. The lowest negative effect of
salinity on CO; fluxes was observed for Dutch Slough, which could be explained by Dutch Slough
being a tidally-connected saline wetland site acclimated to higher salt concentrations. The
higher salinity could also be a consequence of summer sampling during a period of low-rainfall.
The decrease in CO; fluxes with increasing salinity suggests that higher salinity levels inhibit
microbial activity and organic matter decomposition, particularly in the more freshwater
wetlands. This inhibition may be due to osmotic stress and the energetic costs associated with
maintaining cellular functions under high salinity conditions.

Despite the clear salinity gradient based on Cl-and SO4% concentrations from Dutch Slough to
West Pond, the gradient from NMDS ordinations in Figures 26 and 34 suggests that Dutch
Slough and East End comprise the two ends of composited chemical parameters measured from
soil incubations. This is broadly a reflection of a change in environmental parameters tested in
the slurry experiments. East End appeared to be better adapted to metabolizing and processing
NOs” whereas Dutch Slough seemed better adapted to handling higher salinity treatments. This
would indicate a higher degree of salt tolerance for Dutch Slough compared to the other two
relatively freshwater system.

For the nitrate treatments, East End exhibited the highest CO; accumulation across the three
sites, followed closely by West Pond and Dutch Slough, which reflects shifts in net ecosystem
exchange of carbon (NEE) reported from 2015-2017 in previous studies'#6147,

4.2 Factors driving differences in carbon dioxide fluxes

Fluxes measured during nitrate amendments were an order of magnitude higher than ones
measured for the salinity treatments. These fluxes were also an order of magnitude higher than
those measured for subalpine wetlands (Chapter 1, Figure 5). This could be explained by the
higher temperature of the incubation of Delta soils, and the higher organic matter content of
these soils. The observation that East End exhibited the highest CO, accumulation across the
three sites for the nitrate treatments could be explained by the higher presence of native
alternative electron acceptors, such as mineral oxides, which delay methane production under
prolonged anoxia and produce more CO; instead as long as nitrate persists in the system?148149,
CO: fluxes tend to level off for lower-nitrate treatment levels but keep increasing for higher
nitrate treatment. potentially due to excess nitrate in solution at 168 hours after the start of the
experiment (Figure 65 Appendix 1). Convergence of CO; concentrations across the three salinity

levels were also observed across the sites, indicating potential limits on mineralization of
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organic matter combined with gradual adaptation to saline conditions!*°. CO; fluxes from these
sites correspond well with eddy covariance measurements made of net ecosystem exchange
(NEE) from these sites®”/143:151,

4.3 Methane dynamics across sites

Methane emissions were significantly reduced for nitrate treatments across all three sites,
especially at East End. This can be explained by the presence of native alternative electron
acceptors in East End soils. Higher emissions from Dutch Slough could be explained by the
higher abundance of sulfate-reducing fermenter and syntrophic microbes in saline soils, which
are known to produce substrates utilized by methanogens!>?. Reductions in emissions in
response to increasing nitrate levels can be explained by the preferential reduction of nitrate
over organic carbon driven by higher energy yields obtained via respiration. For salinity
treatments, lowest reduction in CH4 emissions was observed for Dutch Slough compared to the
other two sites. Similar to CO2 fluxes, this is presumably due to higher salt tolerance among
microbial communities present in Dutch Slough soils. Expected reductions in CH4 production
results from the suppression of methanogens due to osmotic stress caused by higher salt
concentrations and being subsequently outcompeted by halophiles*?7154, Lower CH4 fluxes in
response to higher nitrate loading, mostly driven by agricultural and population pressures,
highlight a critical biogeochemical compromise in these systems, with higher fluxes of CO, and
N2O increasing total greenhouse gas warming potential (GWP) from these wetland sites'28130,

4.4 Factors driving N,O dynamics across sites.

This spike pattern seen in batch experiment seemed indicative of the native soil nitrate being
exhausted instantly and subsequent temporally-limited production of N,O, a trend observed for
incubations with subalpine wetland soils as well. Despite lower pH values observed throughout
the slurry incubations with nitrate additions, which are known to inhibit denitrification, East End
exhibited the highest nitrous oxide fluxes, with a significant increase in response to increasing
nitrate levels. This response was observed across the three sites, indicating higher
denitrification rates. East End had the lowest ammonium concentrations across the three sites
(Table 6) and these were also found to be negatively correlated with nitrate concentrations,
with higher nitrate concentrations preferring denitrification whereas ammonium was produced
mostly at lower concentrations. This supports the idea that dissimilatory nitrate reduction to
ammonium (DNRA) is relevant mostly at high C/N ratios whereas denitrification dominates at
lower C/N ratios'>>1%¢, |eading to higher nitrous oxide fluxes for the latter’>’. Given that East End
soils possessed sufficient amounts of mineral and organic nitrogen, denitrification was the
dominant nitrate removal mechanism compared to DNRA at the other two sites, especially for
lower nitrate treatments.
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4.5 Implications

Overall, our observed trends agree with eddy-covariance flux measurements made over these
wetland sites®”140158 The results highlight the importance of considering site-specific
characteristics of wetlands when assessing their response to increasing nitrate and salinity
levels among other anthropogenic disturbances®’. They also complement measurements made
from eddy covariance towers which cover larger land area/footprints. Broadly, site history
(mineral v/s organic soil plus time of establishment), proximity to nitrate sources, and tidal
connectivity seem to be important controls on greenhouse gas fluxes measured across soils. For
our experiments, East End possessed higher mineral oxides, was proximally located to an active
agricultural site, and therefore better adapted to nitrate loading and subsequent mineralization
of organic compared to the other two sites. Broadly, sites or wetlands with proximity to sources
of nitrate (i.e. agriculture), seem better at reducing nitrate. Wetlands that are already adapted
to higher salinity, such as Dutch Slough, may be more resilient to further increases in salinity,
while freshwater wetlands, like East End and West Pond, may be more vulnerable to the impacts
of saltwater intrusion and sea-level rise on greenhouse gas production.

Through research on these processes, scientists and stewards need to develop management
strategies that optimize carbon storage, protect the Delta's biodiversity, and ensure the
sustainability of the region's water resources. This knowledge is essential for guiding restoration
efforts, land-use planning, and water management decisions in the face of climate change and
other environmental stressors. Moreover, insights gained from studying salinization and nitrate
loading in the Sacramento-San Joaquin Delta can inform our general understanding of wetland
carbon sequestration in other estuarine systems worldwide. As coastal wetlands around the
globe face similar challenges, lessons learned from the Delta can contribute to the development
of more effective conservation and adaptation strategies on a broader scale.
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Chapter 3: Estimating wetland resilience to nitrate loading across two geographies.

1. Introduction

Wetlands are crucial carbon sinks, sequestering carbon through photosynthetic inputs and
accretion of organic matter in soils. Despite comprising a small and ever-shrinking percentage
of global land area, they sequester carbon at higher densities compared to other natural
ecosystems and account for 20-30% of the terrestrial carbon pool'®'4°* Additionally, a critical
but underappreciated ecosystem service provided by wetlands is nutrient removal from
agriculture and domestic uses, especially nitrate which has been known to lead to
eutrophication and hypoxia>>1®0, Given that we have produced unprecedented amounts of
reactive nitrogen on our planet using the Haber-Bosch process over the past 150 years,
wetlands have been instrumental in cycling that reactive nitrogen back to the atmosphere, or
filtering and assimilating ever-increasing nutrient loads.

In comparison to a range of interventions such as wastewater treatment plant upgrades to on-
farm reductions in fertilizer application, construction of riparian buffers and use of cover crops,
wetlands have known to be more effective against increased nitrate loading with respect to
costs and nitrate removal®®1162, This nitrate loading has intensified as a consequence of
increasing populations and agricultural intensification on individual and watershed scales
Wetlands remove nitrate primarily through the microbial process of nitrate reduction, including
denitrification®>”/1%4,, Denitrifiers convert reactive nitrogen to N2 gas, whilst also producing
nitrous oxide gas (N20), a greenhouse gas, as a byproduct. This has been described via the leaky
pipe paradigm explained in the seminal paper by Firestone and Davidson®>. Another nitrate
removal process referred to as dissimilatory nitrate reduction to ammonium or DNRA involves
the reduction of nitrate to ammonium. The DNRA process prevents loss of nitrogen from soils
and leads to higher retention of as dissolved and/or sorbed ammonium on negatively charged
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clays, which is a crucial source of mineral nitrogen for all living organisms.

In nutrient-rich eutrophic environments, denitrification tends to be the main nitrate removal
process. For example, denitrification has been shown to be responsible for the removal of
around 80% of dissolved nitrates in the Mississippi Delta'>’. In organic matter rich sediments
poor in nitrate, the predominant pathway for nitrate removal tends to be DNRA®, For
instance, in oligotrophic systems such as subalpine wetlands, mountain lakes, and systems
dominated by inputs of freshwater (i.e. high mean annual precipitation), DNRA has been found
to be a major component of the nitrogen cycle>%7, This ability has been extensively studied
and instrumentalized via constructed wetlands, a relatively low-cost technology delivering
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considerable water quality benefits, with between 40-55% of incoming nitrate loading being
removed?68,

Increased nitrate loading is an issue that wetlands in diverse geographies have to deal with, for
a variety of reasons. The Sacramento-San Joaquin Delta, thereafter referred to as the Delta, is a
critical wetland in northern California that supplies drinking water to millions of people®®!1? for
domestic and agricultural purposes. As it has shrunk by over 70% in the past century due to
land-use change for urban development and agriculture!®® nitrate loading in the Delta has
intensified, with concentrations increasing from 0.2-0.6 ppm in the 1950s to 2-5 ppm by the
1980s 128169170 Sybalpine wetlands have also experienced increased nitrate loadings, but
primarily due to atmospheric deposition and fires. Fires lead to an increase in nitrate in the
short-term due to the combustion and subsequent mineralization of organic matter in wetland
s0ils3%171, Fires can also have legacy effects lasting up to 90 years post-fire3143, due to
increased nitrification'#3, This has been attributed to the adsorption of organic compounds
known to inhibit nitrification?>17? or reduction of carbon compounds such as tannins that
stimulate nitrogen immobilization”3. Studying nitrate removal in wetland systems is
complicated, with a wider suite of environmental variables, inputs, and fluxes making
guantification harder to pin down and associate with variables of interest associated with
anthropogenic or natural disturbances’4.

Here, we assessed the potential of wetland soils from the Delta and a burned subalpine wetland
to remove nitrate in response to nitrate loading from agricultural and domestic uses. To achieve
this, we subjected sediments to incubations with increasing nitrate concentrations and
measured rates of nitrate removal, and additionally production of ammonium, nitrous oxide,
and dissolved organic carbon. These rates would provide a better understanding of coupled
nitrogen and carbon cycling in these systems in response to anthropogenically induced loading
of nitrate. We found higher nitrate reduction rates for site with prior or current exposure to
higher nitrate concentrations in pore and surface waters. Nitrate reduction rates were found to
decrease with increasing depth for burned and unburned subalpine wetland sections. These
rates were also diminished in the presence of higher salinity for freshwater sites, and similar for
the saline site. These results highlight the role of site characteristics and disturbance history for
predicting response to increased nitrate loading.

2. Methods

2.1 Study sites

The Mullen fire complex (WY, USA) is an ideal system to study the short-term (<1 year) post-fire
biogeochemistry of wetlands and to examine the effects of inputs of pyC on DOC exports and
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GHG fluxes. The 2020 Mullen fire burned 715 km? of lodgepole pine (Pinus contorta) on the
Colorado-Wyoming border in the Medicine Bow National Forest starting in September, 2020 and
was 97% contained as of January, 2021%°, roughly seven months prior to sampling. The burned
wetland is located 7 km on Road 517/Dry Park Road on Lake Creek (41.148244, -106.155794) in
the Medicine Bow-Routt National Forest (Figures 1, 2). To limit inherent spatial heterogeneity in
soil and porewater biogeochemical properties which make comparisons difficult, adjacent
burned and unburned sections of the same wetland were sampled in July 2021. Three locations
on the burned wetland were sampled to account for differences in post-fire vegetation growth,
ranging from reed grass (Calamagrostis canadensis) dominant sampling site #1 (Figure 1), tall
cottongrass (Eriophorum angustifolium) dominant site 2, and water sedge (Carex aquatilis)
dominant site #3.
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Figure 34. Extent of the 2020 Mullen fire (red outline). The inset shows sampling locations for
the burned section of the wetland (sites 1-3, red) and for the unburned section of the wetland
(site 4, blue).

Figure 35. Picture of the burned wetland section (Site 1) 9 months after fire (July 8, 2021),
showing charred vegetation patches and adjacent burned forest.

Our second geography was constituted by three sites in the Sacramento-San Joaquin Delta that
are located within a narrow geographic zone (Figure 17) and constitute sites characterized by
different salinities. The sites on Twitchell Island (West Pond and East End) are non-tidal and
therefore have a low salinity (0.19 and 0.22 ppt respectively), whereas Dutch Slough is tidally
connected and has a higher salinity (0.48 ppt). All three sites have similar mean annual
precipitation (338 mm) and air temperature (around 16°C). West Pond and East End have been
extensively studied in the past for their carbon fluxes on larger spatial scales®”13¢, with eddy
covariance (EC) towers established in 2012 and 2014 respectively, whereas Dutch Slough is a
relatively new site with its EC tower established in 2021'%7. The dominant vegetation across the
sites is cattail and tule grasses, as they were brought in to stabilize berms from persistent wind
and water-mediated soil erosion.

Soils on Twitchell Island feature a complex patchwork of alluvium Mollisols adjacent to peat
Histosols which were separated from main river channels, which accumulated organic matter
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over the last hundred or so years!38. The East End site was established on alluvium soils whereas
West Pond was established on peat-rich Histosols.
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Figure 36: Location of the three study sites. US-Tw1 corresponds to West Pond, US-Tw4
corresponds to East End, and US-Dmg corresponds to Dutch Slough.

2.2 Sampling

Wetland soil cores were sampled using a shuttle corer (Figure 26), similar to the one described
in Laverman et. al*’>. The shuttle corer was fitted with 2 cm long Plexiglass rings of diameter 4.2
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cm. The corer was designed and operated as such to minimize sediment compaction and
maintain depth differentiation. The Plexiglass rings were instantly fastened to Plexiglass caps
and then steel plates with O rings fastened with screws and stored at 4°C prior to flow-through
experiments. Two depths were sampled for subalpine wetland soils; 0-2 and 15-17 cm; and one
depth (0-2 cm) was sampled for Delta wetland sites. O horizon was removed and focus was on
response from mineral soil, possessing mineral oxides which could participate in redox

reactions
@
ﬂ @
Figure 37. Sampling protocol for sediment-slices used in flow-through reactor experiments’®,

Step 1 refers to the fitting of Plexiglass rings in shuttle corers, Steps 2 and 3 refer the insertion
and extraction of sediment from wetland soils, Step 4 highlights the intact sediment slices
within Plexiglass rings inside the corer, and Step 5 illustrates the final sediment slices fitted
neatly inside Plexiglass rings that were used for flow-through reactor experiments.

2.3 Flow-through reactor experiments

Intact sediment cores from sites sampled from three wetlands in the Sacramento-San Joaquin
Delta, namely West Pond, East End, and Dutch Slough were subjected to 6 levels nitrate
treatments in flow-through reactor experiments. Subsequently, sediment slices from adjacent
burned and unburned subalpine wetland sites in the Medicine Bow Routt National Forest
(chapter 1) were also subjected to the same level of nitrate treatments in flow-through reactor
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experiments. In addition to nitrate levels, we also subjected the Delta soils to two levels of
salinity; 0 and 3 ppt; to simulate freshwater and saltwater scenarios in addition to nitrate
loading. These experiments were carried out inside an anoxic glove bag at 18 and 25°C
respectively, same as the mean annual average air temperature of both wetland geographies
during July.

An input solution was supplied to the reactors at a constant volumetric flow rate (1.5 + 0.1 mL
hr!). The solution consisted of DI water amended with appropriate concentrations of NaNOs"
(0,0.25,0.5,1,2, and 3 mM), and NaBr (2 mM). Additionally, for Delta sediment slices, the input
solution was amended with NaCl to simulate salinity treatments of 0 and 3 ppt. Br- functioned
as the flow-tracer for these experiments, and to check for non-ideal flow conditions inside the
reactors'’”’. NOs’, NH4*, Br- were measured using a Dionex ion chromatograph (IC)
(electrochemical detector, ED40; analytical column, AS23/AG23; anion self-regenerating
suppressor, ASRS-I, 4 mm; mean detection limit: 30 ug/L, error: 5 ug/L) supplied with a
carbonate eluant (7.2 mM Na>COs; and 1.28 mM NaHCOs) at a flow rate of 1.0 mL min™2.
DOC/DIC were measured via wet oxidation using a total inorganic and total organic C analyzer
(Model 1010 Wet Oxidation Total Organic/ Total Inorganic Carbon Analyzer Ol Analytical) with
50 g L™ H3PO4 for total inorganic C and 100 g L™ Na»S,0s for total organic C with heat catalysis
at 100 °C. Outflow samples were subsampled and sparged with N2 gas and then sampled and
measured for CO2, CHa, and N2O using gas chromatography.

2.4 Rates and kinetic parameter estimation

A big advantage of using flow-through reactors over soil slurry incubations is the estimation of
nitrate removal and greenhouse gas production rates closer to in-situ microbial activity
compared to slurry experiments due to the preservation of pore-structure and spatial
distribution of nutrients and microbial populations. These reaction rates obtained from our
experiments are referred to as ““potential” rates, as they correspond to NO3™ reduction activity
when nitrate is the predominant terminal electron acceptor available to the soil microbial
community'’>. Given the supplied concentrations are an order of magnitude higher than values
observed in aquatic and wetland systems and no other electron acceptors are provided, they
simulate conditions where the availability of nitrate is non-limiting, allowing us to estimate the
nitrate processing potential of native microbial populations involved in nitrate removal. Nitrate
reduction rates, and production rates of nitrite, ammonium, nitrous oxide, carbon dioxide, and
dissolved organic carbon, and kinetic parameters for nitrate reduction reported here in flow-
through reactor experiments are derived from steady-state conditions, when the chemical
species of interest in the outflow had stabilized and was no longer changing significantly.
Potential steady-state rates were calculated according to the equation (1)7°:

61



AC % Q
R =
v

where Q is the volumetric flow rate (ml hrl), V is the reactor volume (cm), and AC is the
difference in concentration of the solute between the outflow and inflow solutions at steady
state (unit). This equation was used to calculate nitrate reduction rates (NRR), where the
decrease in nitrate concentrations at the outflow was substituted in this reaction. For species
that were not supplied in the inlet solution, such as DOC, CH4, CO2, NH4*, and N0, steady state
concentrations at the outflow for these species were used to calculate “export/production
rates” (e.g. ammonium export rates (APR)). A distinction was made due to sorption of
ammonium and DOC on clay particles, which would make production a misleading term.

The utilization of a substrate by a microbial population is widely described by the so-called
Michaelis—Menten, or Monod, rate equation (Eq. 2):

c
* —
Km+C

R = Rmax (2)

where R is the reaction rate, or NRR for this work, Rmax the maximum reaction rate, C the
average nitrate concentration in the reactor, calculated as the midpoint between inflow and
outflow concentrations, and Ky, is the half-saturation constant. We fitted this equation to the
measured NRR/nitrate concentrations data and to obtain the parameters Rmax and Km for each
of the experimental conditions tested.

2.5 Statistical analysis

All statistical analyses were carried out in R®. Differences between all measured water,
sediment, and gas variables were determined using a t-test with a threshold of p <= 0.05.
Tukey’s honest significance difference test was used to determine which sites, if found
significant (o = 0.05), were different. Pearson’s correlation coefficients were calculated
between measured water, sediment, and gas variables and visualized using the ‘corrplot’
function in R7%. The Michaelis-Menten function was fitted using the “nls” function in R to steady
state NRRs. Model output gave us the parameters Rmax and Kn. Multivariate analyses were
performed to evaluate differences in water, sediment, and gas concentrations. Given these
concentrations vary by orders of magnitude, it was desirable to relativize them by column totals
through the ‘decostand’ function using the ‘vegan’ package’!. These were then visualized using
Principal Components Analysis (PCA) ordinations. PCA was performed in R using the ‘prcomp’
function which is a part of the ‘stats’ package?°.
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3. Results

3.1 Site characteristics

Table 7. Soil and porewater physical and chemical characteristics for the four study sites and
two studied depth intervals (0-12 and 13-24 cm). Values reported are means obtained from

triplicate samples. Different superscripted letters indicate significant differences at p<= 0.1 for

each row. Standard deviations were <30% of measured values.

Soil characteristics
Depth interval (0-12 cm)

Sand content (%)

Silt content (%)

Clay content (%)

Textural class

Dry bulk density (g cm™3)

pH

Percent ash (by weight)

Corg cOntent (%)

Total N content (%)

Molar Corg:N ratio

Extractable Fe content (mg g of soil ™)
Extractable Ca content (mg g of soil™")
Extractable Mg content (mg g of soil ™)
Depth interval (13-24 cm)

Sand content (%)

Silt content (%)

Clay content (%)

Textural class

Dry bulk density (g cm™)

pH

% ash (by weight)

Corg content (%)

Total N content (%)

Molar Corg:N ratio

Burned 1

32.1+25¢
25.3+2.52
42.3+6.5°
Clay
0.31+.078
6.17+.61°
8.83+1.71°
23.6+2.11°
1.17+.112
22.54+2.062
22.57+4.518
344.7+42 52
27.12+3.928
Burned 1
12.1+3.62
35.32+4.162
52.63+4.942
Clay
0.51+.132
6.28+.35%
2.43+.578
7.56+1.382
0.33+.06°
26.54+1.37°8

Burned 2

29.7+1.5%
2242.52
4T7+4.6°
Clay
0.30+.052
6.36+.422
7.19+2.51¢%
21.3£3.45%
1.2+.352
19.73+3.152
23.89+3.632
281.5+31.6°
24.80+2.332
Burned 2
9.17+2.7°
32.61+5.19?
57.63+6.672
Clay
0.48+.11°
6.33+.472
3.19+.36°
9.73+2.51°
0.32+.07°
30.31+2.152

Burned 3

24.4+3.7°
30.6+4.1°
44.9+2 52
Clay
0.29+.03*
6.19+.33%
6.55+1.52
22.5+1.952
0.97+.252
22.6+1.872
22.86+5.528
266.7+37.1°
23.9+4.91°
Burned 3
14.24+1.92
32.62+4.578
54.91+4.772
Clay
0.53+.072
6.11+.37°
2.55+.447
10.51+1.67°
0.34+.09°
30.91+1.162

Unburned

12.3+£1.9°
36.5+2.7¢
50.9+2.5°
Clay
0.34+.08°
5.28+53°
1.12+.25°
30.7£2.27°
2.28+.57°
14.39+2.16"
19.37+3.722
126.3+12.9¢
19.86+2.55P
Unburned
7.35+1.15°
38.57+6.12
55.91+7.592
Clay
0.52+.09°
6.09+.428
0.73+.17°
15.67+3.45¢
0.58+.11°¢
28.39+3.36°
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Extractable Fe content (mg g of soil ) 28.17+4.57*  24.19+551*  29.86+6.17¢  25.37+4.75°
Extractable Ca content (mg g of soil ™) 284.19+32.77% 270.41+42.19% 226.69+39.17% 116.4+12.71°
Extractable Mg content (mg g of soil ) 28.32+2.65*  25.98+4.57*  27.9+3.972 22.19+1.87°
Porewater concentrations

Depth interval (0-12 cm)

Porewater DOC (mg/L) 84.15+10.37%  103.70+2.5° 104.82+2.5° 65.12+25°¢
Porewater sulfate (ppm) 3.33+.55? 2.83+.47° 3.12+.39° 1.38+.33°
Porewater nitrate (ppm) 1.88+.362 1.39+.25° 1.30+.17° 0.47+.08¢
Porewater Fe(l11) (ppm) 2.51+.49 2.83+.382 2.45+.67° 1.57+.29
Depth interval (13-24 cm)

Porewater DOC (mg/L) 90.27+£17.15* 108.93+22.7° 104.23%12.4°> 60.27+12.33¢
Porewater sulfate (ppm) 1.11+£.272 1.43+.362 1.22+.272 0.78+.15°
Porewater nitrate (ppm) 0.12+.022 0.15+2.5°P 0.10+.01° 0.11+.03¢
Porewater Fe(l11) (ppm) 0.25+.06% 0.31+.09? 0.31+.05? 0.27+.032

Table 8. Mean Physical and chemical characteristics of surface soils (depth interval 0-5 cm) and
surface waters from the three study sites obtained from triplicate samples. Different letters
indicate significant differences at p <= 0.05. Standard errors were found to be less than 30% of
measured parameter values.
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Site characteristics
Soil (0-5 cm)

Sand

Silt

Clay

Textural class

Dry bulk density
pH

Corg content (%)
Total N content (%)

Molar Corg:N ratio

Extractable Fe content (mg g of soil )
Extractable Mn content (mg g of soil )
Extractable Al content (mg g of soil ™)

Extractable Ca content (mg g of soil ™)

Surface water

Salinity (ppt)

NH4* concentrations (ppm)
NOjs concentrations (ppm)
CI- concentrations (ppm)

S04 concentrations (ppm)

Dutch Slough

79.6+13.52
10.1+2.32
11.1+£3.12
Loamy sand
1.22+.29%
7.57+.36°
7.89+1.192
0.47+.06°
17.54+1.152
2.17+.332
0.12+.03?
1.41+.232
44.32+£10.712

0.48+.06
1.67+.44%
0.27+.03?
267.81+15.39°
20.87+4.112

East End

55.2+11.2°
33.246.7°
12.4+2.6%
Loam
1.07+.18°
5.96+.44P
15.32+3.65°
0.91+.14°
16.38+3.112
11.89+2.96°
0.78+.17°
5.59+1.14°
121.42+20.39°

0.22+.03
1.19+.16°
0.86+.17°
122.31+15.32°
0.78+.11°

West Pond

59.3+7.75P
21.2+3.4°
20.1+4.7°
Sandy clay loam
1.16+.25%
6.49+.29¢
18.95+2.77¢
0.93+.22°
19.17+2.792
8.16+1.47°¢
0.31+0.06°
3.27+0.55¢
78.13+15.52°¢

0.19+.02
2.12+.079¢
0.13+.03¢
110.57+20.91°
0.56+.09°

Table 7 shows that the sites were statistically similar with regards to their measured physical

properties, with similar bulk density and textural class. All sites were characterized by high clay

content (>42%), and the unburned site was characterized by a lower sand content but higher silt

content than the other sites. The unburned site had significantly less ash (p = 0.001) than the

burned sites (6.6-8.8%), and ash content across the burned sites was significantly higher in the
top soil (0-12 cm) than for the deeper depth interval (13-24 cm) (p = 0.064). The burned sites
had significantly lower C content (21.5-23.3%) (p = 0.025) and N content (0.97-1.26%) (p =
0.027) than the unburned site (30.7% and 2.28%, respectively). The C:N ratios increased
significantly by depth for both burned and unburned sites (p = 0.012). The soil pH was slightly

acidic, and the pH of the topsoil in the burned sites was about one unit higher than for the
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unburned site (5.28) (p = 0.027), although there were no significant differences between sites
for the deeper soil. Extractable Fe content did not significantly differ between the burned and
unburned soils, but significantly increased with depth (p = 0.041). Burned and unburned soils
from shallower depths were characterized by significantly higher porewater nitrate
concentrations compared to deeper soils (p = 0.057). Additionally, they possessed higher
porewater sulfate concentrations compared to unburned soils (p = 0.031) and higher DOC
concentrations compared to unburned soils (p = 0.05). For deeper depths, differences for
porewater nitrate, sulfate, and dissolved organic carbon were found not to be statistically
significant.

Dutch Slough was characterized by soils that had significantly lower Corg and N contents (p =
0.008, 0.01), as well as significantly lower contents of extractable Fe, Mn, Al and Ca and a
higher pH (7.9 versus <6.5 for the other two sites). Both SO4% and CI" concentrations in surface
water were statistically significantly higher in Dutch Slough than in the other sites, by factors of
27-37 and 2.1-2.4, respectively. East End soils had significantly higher contents of Fe, Mn, Al and
Ca than those of West Pond, but lower Corg and N content and a more acidic pH. Its surface
water was characterized by slightly higher NO3", CI- and SO4%" concentrations than the one of
West End. All of the sites had similar Corg/N ratios. The surface water concentrations make the
freshwater/salinity gradient clear, with Dutch Slough having the highest chloride and sulfate
concentrations (267.81 and 20.87 ppm) (p <<< 0.05), followed by East End and West Pond. The
sulfate concentrations were found to be greater by an order of magnitude; 20.87 ppm
compared to <1 ppm for the other two sites.

Since you used the depth 0-2 cm for the Delta and Mullen soils, then maybe add some text that
specifically compare those.

3.2 Nitrate and nitrite breakthrough curves
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Figure 38. Evolution of nitrate (black circles) and nitrite (white circles) concentrations in the FTR
output solution in response to increasing nitrate additions (solid black line). from the four study
sites in the subalpine wetland. Experiments were performed with soils from the 0-2 depth
interval (top panels) and the 15-17 cm depth interval (bottom panels), with a salinity of O ppt.
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Figure 39. Evolution of nitrate (black circles) and nitrite (white circles) concentrations in the FTR
output solution from the three study sites from the Delta wetland in response to increasing
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nitrate additions (solid black line). Experiments were performed with soils from the 0-2 depth
interval with a salinity of O (top panels) and 3 ppt (bottom panels).

Nitrate and nitrite breakthrough curves in response to increasing nitrate concentrations are
shown in Figures 38 and 39 for all the FTR experiments. The breakthrough curves indicate that
nitrate-reducing activity is taking place in all the study soils, and nitrite does not accumulate in
any of the conditions and soils tested. The point after each step up at which output nitrate
stabilizes (~78, 120, 180, 220, and 260 hours) is what we refer to as the steady-state, and values
post those time points were used for the calculation of nitrate-reduction rates. Concentrations
of input nitrate were increased steadily, and the difference in concentrations between the
input and the output are the smallest for the lowest input nitrate concentration. Bromide
breakthrough curves for the two sites (data not shown) were consistent with solutions for 1D
advective-dispersive flow through homogeneous media'’®, indicating a uniform, radial flow of
solution through the soil core and the absence of any preferential flow.
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3.3 Michaelis-Menten kinetics and comparison of Rmaxand K, values.
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Figure 41. Steady-state nitrate reduction rates (NRRs) measured at 25°C in continuous flow-
through reactors (Q = 1.5 + 0.1 mL hr?) in conditions with a salinity of 0 (blue circles) and 3 ppt
(black triangles) as a function of the average nitrate concentrations in the reactor for the three
study sites in the Delta. The lines correspond to the best fit of the Michaelis-Menten rate
expression, using the Rmax and Km, summarized in Table 9. Error bars indicate confidence
intervals at p = 0.95.
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Figure 42. Steady-state nitrate reduction rates (NRRs) measured at 18°C in continuous flow-
through reactors (Q = 1.5 £ 0.1 mL hr?) for soils from the 0-2 cm depth interval (blue circles)
and the 15-17 cm depth interval (black triangles) as a function of average nitrate concentrations
in the reactor. The lines correspond to the best fit of the Michaelis-Menten rate expression,
using the Rmax and K, summarized in Table 9. Error bars indicate confidence intervals at p =
0.95.

Table 9. Kinetic parameters for nitrate reduction, maximum reduction rate (Rmax) and half-
saturation constant (Km), for all study soils. Values were estimated using the ‘nls’ function in R.
+ refers to standard error during estimation of parameters indicating confidence intervals at p =
0.95.
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Site + conditions

Average Rmax (nmol cm™ h™!)

Average Kmn (mM)

Delta sampling sites

Dutch Slough (0 ppt) 84.9 £ 6.6 0.64 £0.15
Dutch Slough (3 ppt) 85.3+11.3 1.06 £ 0.32
East End (0 ppt) 127.9+15.9 0.93+0.27
East End (3 ppt) 79.8£10.1 0.63+0.22
West Pond (0 ppt) 100.8 £ 6. 0.77 £0.13
West Pond (3 ppt) 81.6+7.6 0.85+0.20
Subalpine wetland
sampling locations
Burned 1 (0-2 cm) 129+8 142 +0.19
Burned 1 (15-17 cm) 56.79+ 1.8 0.97+£0.08
Burned 2 (0-2 cm) 143.8+14.3 243 +0.42
Burned 2 (15-17 cm) 474174 1.07+04
Burned 3 (0-2 cm) 134.7+11.2 244 +0.3
Burned 3 (15-17 cm) 38.4+55 0.79+0.3
Unburned (0-2 cm) 88.0+6.5 1.13+0.19
Unburned (15-17 cm) 38.4+5.2 0.78 £0.29

The steady-state nitrate reduction rates as a function of average nitrate concentrations
(Michaelis-Menten plots) for the subalpine wetland soils and Delta soils are shown in Figures 41
and 42, respectively, and the corresponding Rmax and K are summarized in Table 9.

In the Delta soils, R max ranged from 79.8 to 134.0 nmol cm3 h1, with significantly lower values
for the higher salinity treatment in the East End and West Pond sites (p < 0.05). For the same
soils, Km ranged from 0.63 to 1.05 mM, with no consistent effect of salinity. In the subalpine
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wetland soils, R max varied minimally between the three burned sites, with values ranging from
124.7 to 134.0 nmol cm™3 h1in the shallow soils, and from 37.4 to 39.8 nmol cm= hlin the
deeper soils. R max had lower values in the unburned site, with values of 88.0 nmol cm=hin
the shallow soils, and 38.4 nmol cm™ h! in the deeper soils (p << 0.05). For the same soils, Km
ranged from 1.42 to 2.44 mM in the shallow burned soils, and from 0.79 to 1.42 mM in the
deep burned soils. Values were slightly lower in the unburned soils (p < 0.1).

3.4 Nitrogen and carbon production rates across salinity treatments for Delta soils
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Figure 42. Effect of salinity on potential steady-state ammonium export rates as a function of
input nitrate concentrations in the three study sites in the Delta (red: Dutch Slough, blue: East
End, green: West Pond). Panel (a) shows rates for experiments with a salinity of 0 (freshwater),
and (b) shows rates for experiments with a salinity of 3 ppt (saline). Rates were calculated after
subtracting production rates from control treatments. Error bars were found not to exceed
>30% of measured values in flow-through experiments.

The effect of salinity on potential steady-state ammonium export rates in response to increase
input nitrate concentrations is shown in Figure 42 for the Delta soils. There were no clear trends
observed for the ammonium export rates as a function of nitrate additions across sites and
salinity treatments. On average, ammonium production rates declined significantly with
increasing nitrate additions (p < 0.05) for the low salinity experiments, with the exception of
East End soils. For the high salinity experiments, higher ammonium export rates were observed
with increasing nitrate additions (p < 0.05) for Dutch Slough and West Pond, but not for East End
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soils. Ammonium export rates were not found to be significantly different between 0 and 3 ppt
experiments.
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Figure 43. Effect of salinity on potential steady-state nitrous oxide rates as a function of input
nitrate concentrations in the three study sites in the Delta (red: Dutch Slough, blue: East End,
green: West Pond) in . Panel (a) shows rates for experiments with a salinity of 0 (freshwater),
and (b) shows rates for experiments with a salinity of 3 ppt (saline). Rates were calculated after
subtracting production rates from control treatments. Error bars were found not to exceed
>30% of measured values in flow-through experiments.

The effect of salinity on potential steady-state N,O export rates in response to increase input
nitrate concentrations is shown in Figure 43 for the Delta soils. Nitrous oxide production rates
increased significantly with increasing nitrate concentrations for all three sites (p < 0.05) an the
two salinity treatments. For freshwater (0 ppt) incubations, highest production rates were
observed for West Pond at 1 mM, however East End had the highest nitrous oxide production
rates by the end of the experiment. East End production rates were consistently significantly
higher for all nitrate additions (p << 0.05).

73



Site H Dutch Siough B EastEnd B west Pond

a) Freshwater b) Saline
4 4
=
‘?E -
o ! - .
5 ¢ - -
%_ 3 - # 3 -
3 - — T
© - —_—
g 2 m—
=l —— ——
é =
o - -
& 1 5 1 -
g | -
_-—
0 0
0.25 05 1 2 3 0.25 05 7 2 3
Input nitrate (mM) Input nitrate (mM)

Figure 44. Effect of salinity on potential steady-state carbon dioxide production rates as a
function of input nitrate concentrations in the three study sites in the Delta (red: Dutch Slough,
blue: East End, green: West Pond). Panel (a) shows rates for experiments with a salinity of O
(freshwater), and (b) shows rates for experiments with a salinity of 3 ppt (saline). Rates were
calculated after subtracting production rates from control treatments. Error bars were found not
to exceed >30% of measured values in flow-through experiments.

The effect of salinity on potential steady-state CO; production rates in response to increase
input nitrate concentrations are shown in Figure 44 for the Delta soils. Carbon dioxide
production rates significantly increased for nitrate additions for the three study sites and the
two salinity treatments. East End exhibited the highest CO, production rates across the
experiments for both freshwater and saline incubations (p < 0.1), with no significant differences
between Dutch Slough and West Pond production rates. Variance for CO; production rates for
steady-state conditions was low, which were reflected in the narrow boxplots.
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Figure 45. Effect of salinity on potential steady-state DOC export rates as a function of input
nitrate concentrations in the three study sites in the Delta (red: Dutch Slough, blue: East End,
green: West Pond). Panel (a) shows rates for experiments with a salinity of 0 (freshwater), and
(b) shows rates for experiments with a salinity of 3 ppt (saline). Rates were calculated after
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subtracting export rates from control treatments. Error bars were found not to exceed >30% of

measured values in flow-through experiments.

The effect of salinity on potential steady-state DOC export rates in response to increase input
nitrate concentrations are shown in Figure 45 for the Delta soils. DOC export rates increased
significantly in response to nitrate increases (p << 0.05) for all three study sites and the two
salinity treatments. There were no significant differences between the sites at any nitrate

increment for the two salinity experiments, however DOC export rates were significantly higher
for the low salinity experiment compared to the high salinity ones. No methane was produced
during the course of the experiments.

3.5 Nitrogen and carbon production rates for shallow and deep subalpine wetland soils
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Figure 46. Effect of increasing input nitrate concentrations on potential steady-state ammonium
export rates as a function of input nitrate concentrations in the four study sites in the subalpine
wetland (red: Burned site 1, orange: Burned site 2, yellow: Burned site 3, green: Unburned site).
Panel (a) shows rates for experiments topsoils (0-2 cm) and (b) shows rates for experiments
with a salinity of deep soils (15-17 cm). Rates were calculated after subtracting production rates
from control treatments. Error bars were found not to exceed >30% of measured values in flow-
through experiments.

The effect of soil depth on potential steady-state ammonium export rates in response to
increase input nitrate concentrations are shown in Figure 46 for the subalpine wetland soils.
Ammonium export rates followed a significant downward trend with increasing nitrate
concentrations in the input for both the topsoil and deeper soils (p << 0.05). On average,
unburned soils were found to possess lower ammonium export rates compared to burned sites
(p =0.032), however those differences were mostly driven by burned site 1, with burned sites 2
and 3 found not to be significantly different, on average, over the duration of the experiments
(p=0.16)
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Figure 47. Effect of increasing input nitrate concentrations on potential steady-state nitrous
oxide production rates as a function of input nitrate concentrations in the four study sites in the
subalpine wetland (red: Burned site 1, orange: Burned site 2, yellow: Burned site 3, green:
Unburned site). Panel (a) shows rates for experiments topsoils (0-2 cm) and (b) shows rates for
experiments with a salinity of deep soils (15-17 cm). Rates were calculated after subtracting
production rates from control treatments. Error bars were found not to exceed >30% of
measured values in flow-through experiments.

The effect of soil depth on potential steady-state N;O production rates in response to increase
input nitrate concentrations are shown in Figure 47 for the subalpine wetland soils. For all sites
and soil depth tested, N,O export rates tend to increase with increased nitrate concentrations.
N0 export rates for the highest nitrate concentrations were higher for the topsoil compared to
the deeper one. On average, burned sites were characterized by higher N,O export rates than
the unburned site (p << 0.05). For topsoils, unburned soils produced significantly lower nitrous
oxide compared to the three burned wetland soils (p << 0.05), however this trend did not hold
for deep soils.
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Figure 48. Effect of increasing input nitrate concentrations on potential steady-state carbon
dioxide production rates as a function of input nitrate concentrations in the four study sites in
the subalpine wetland (red: Burned site 1, orange: Burned site 2, yellow: Burned site 3, green:
Unburned site). Panel (a) shows rates for experiments topsoils (0-2 cm) and (b) shows rates for
experiments with a salinity of deep soils (15-17 cm). Rates were calculated after subtracting
production rates from control treatments. Error bars were found not to exceed >30% of
measured values in flow-through experiments.

The effect of soil depth on potential steady-state CO, production rates in response to increase
input nitrate concentrations are shown in Figure 48 for the subalpine wetland soils. Overall, CO;
production from deeper soils was significantly lower than topsoils (p << 0.05). Unburned
sediments produced the lowest carbon dioxide in response to nitrate treatments for shallow

and deep soils (p << 0.05). These differences were pronounced with increasing nitrate
concentrations for both deep and shallow soils.
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Figure 49. Effect of increasing input nitrate concentrations on potential steady-state dissolved
organic carbon export rates as a function of input nitrate concentrations in the four study sites
in the subalpine wetland (red: Burned site 1, orange: Burned site 2, yellow: Burned site 3, green:
Unburned site). Panel (a) shows rates for experiments topsoils (0-2 cm) and (b) shows rates for
experiments with a salinity of deep soils (15-17 cm). Rates were calculated after subtracting
production rates from control treatments. Error bars were found not to exceed >30% of
measured values in flow-through experiments.

The effect of soil depth on potential steady-state DOC export rates in response to increase input
nitrate concentrations are shown in Figure 49 for the subalpine wetland soils. Overall, CO;
export from deeper soils was significantly lower than topsoils (p << 0.05). For the two soil depth
intervals investigated, DOC export rates were higher for unburned wetland site compared to
burned sites (p << 0.05). With the exception of 0.25 and 2 mM nitrate additions, unburned
sediments produced more dissolved organic carbon for each nitrate step compared to unburned
sediments (p < 0.05). This trend was found to diminish for deeper soils, with no clear trend
observed between burned and unburned production rates across nitrate additions.
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PCA plot of Delta FTR variables
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Figure 50. PCA plot for all measured variables from FTR experiments with the Delta soils. APR,
CO2PR, NOPR, NRR, and DOCPr stand for ammonium export rate, CO; production rate, N0
production rate, nitrate reduction rate, and DOC export rate, respectively.

The PCA plot in Figure 50 highlighted a strong positive associations between greenhouse gas
production rates from Delta sediments. These trends also held for soils from the burned and
unburned subalpine wetlands in subalpine wetlands (Figure 51). Nitrate reduction rates across
both geographies were found to be strongly positively associated with CO; production rates,
DOC export rates, and N,O production rates. Ammonium export rates were found to possess no
(Delta) to little correlation (subalpine wetland soils) with any other measured greenhouse gas
production rates. Nitrite production rates, not reported here, were extremely minimal given
that little nitrite was measured in the outflow from Delta and subalpine wetland sediments.
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PCA plot of subalpine wetland FTR variables
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Figure 51. PCA plot for all measured variables from FTR experiments with the subalpine wetland
soils. APR, CO2PR, NOPR, NRR, and DOCPr stand for ammonium export rate, CO; production
rate, N,O production rate, nitrate reduction rate, and DOC export rate, respectively.
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Figure 52. Regression plots between ammonium export rates and nitrate reduction rates from
both wetland geographies. Grey envelope represents 95% confidence intervals.

There were weak associations between ammonium export rates and nitrate reduction rates
across both geographies (Figure 52). Comparatively, the regression coefficient for the subalpine
wetland soils was higher (R? = 0.288, p << 0.05) than for the Delta soils (R? =0.155, p < 0.05).
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Figure 53. Regression plots between nitrous oxide production rates and nitrate reduction rates
from both wetland geographies. Grey envelope represents 95% confidence intervals.

Conversely, nitrate reduction rates were found to be a strong predictor of nitrous oxide
production rates across both geographies (Figure 53), with R? values of 0.704 and 0.801 for
Delta and subalpine wetlands respectively (p << 0.05).

4. Discussion

4.1 Site characteristics and impact on nitrate reduction rates across geographies.

The maximum potential nitrate reduction rates, or Rmax ,0btained in this study lie between 30-
130 nmol cm3h!, which are on the lower-end of values reported in Laverman et. al'’> from
coastal lakes and intertidal marshes ranging from 98-933 nmol cm=3h1. However, the range of
Km, or affinity constants, obtained from our experiments (.6234 - 2.438 mM) across all sites and
treatments were higher than values reported by Laverman et.al'’> (0.2-0.6 mM). This indicates
that soils from our experiments had lower affinity for nitrate combined with lower nitrification
rates compared to the other study. Given the highest affinity constants were observed for
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burned topsoils in our study, this would indicate a lower selectivity due lack of abundance of
microbial communities associated with burned topsoils despite the higher rates of nitrate
reduction compared to deeper depths and freshwater soil incubations from Delta sites. This
discrepancy could be explained by elevated nitrate concentrations in surface water for burned
sites and high ash content in burned sediments derived from the burning of biomass, a proxy
for the presence of pyrogenic carbon (pyC). Pyrogenic carbon has been known to increase
redox potential in anoxic sediments, and act as an electron snorkel, speeding up anoxic
reactions with the supply of extra electrons’’. The higher affinity for nitrate in deep soils reflect
the lower nitrate concentrations persisting at deeper wetland soil depths due to the
biogeochemical redox ladder, where most of the nitrate is consumed in the top few
centimeters of the soil profile!’®, This would also explain the similar lower affinity for nitrate in
shallow unburned soils, where ambient nitrate concentrations, despite being lower than
burned sites, were still higher than at depth.

In the Delta system, the highest nitrate reduction rates were observed for East End, the site
with the highest abundance of mineral oxides and nitrate concentrations in surface water.
Despite the competitive nature of nitrate and ferric iron reduction, it has been shown the
presence of iron oxides enhanced nitrate reduction rates in experiments with fermentative
bacterium Bacillus sp'”°. Presence of mineral oxides could also be correlated with higher
abundance of reduced iron minerals such as iron sulfides and pyrites, especially given the
reducing conditions, which are known to act as electron donors for nitrate reduction*®. The
high carbon content in East End and West Pond soils, and the proximity of those sites to
agricultural fields that expose them to higher ambient nitrate concentrations could also
stimulate nitrate reduction'*®, These would also induce lower affinities for nitrate reduction
compared to higher salinity treatments. Notable among the three sites was Dutch Slough, site
with the highest salinity in surface water, where rates weren’t significantly lower for higher
salinity treatment. A potential explanation for this could be the potential oxidation of hydrogen
sulfide (H2S) coupled to the reduction of nitrate'®182 at this site, which was also found to
possess the highest sulfate and ammonium concentrations in surface water samples. For
freshwater sites, lower nitrate reduction rates could be explained by stress induced by higher
osmotic pressure!®, resulting in diminished microbial activity.

4.2 Ammonium and nitrous oxide production rate dynamics across wetland sites

Given that subalpine wetlands considered for this study, and generally wetlands at high
altitudes, have lower nitrogen (compared to sites from the Delta) due to limits on gross primary
productivity'®18 the response to increasing nitrate concentrations and shifts towards lower
Corg/nitrate induced a significant decrease in DNRA®’. Concomitant with this reduction in
ammonium export rates, increases in nitrous oxide production rates were also observed,
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presumably due to the increasing denitrification rates with increasing input nitrate
concentrations'#®, It would appear that these wetlands shift towards denitrification from DNRA
with increasing nitrate loading, also reflected in the fits for the regression plot.

Ammonium export rates exhibited no specific trends and tended to be variable for soils from
the three Delta sites, whilst nitrous oxide production rates generally increased with increasing
nitrate inputs. This could be explained by the greater heterogeneity in soil characteristics from
the Delta compared to subalpine wetland soils, including variations in porewater chemistry
which could confound some of the effects tested in the experiments. Delta soils. However, both
rates were fairly comparable across freshwater (0 ppt) and oligohaline (3 ppt) incubations. This
indicates little inhibition in response to increasing salinity, a trend that has been observed in
other saline and hypersaline wetland systems as well*8%87 explained by the coupling of nitrate
reduction to oxidation of native ferrous iron oxides and sulfides. Subalpine wetlands, on
average, possessed higher ammonium export rates than Delta wetlands, which could be
explained by higher clay content in Delta soils, leading to higher sorption and retention within
the flow-through reactor sediments and less in the output.

4.3 Carbon dynamics in FTR experiments.

Carbon dioxide production rates were significantly higher for shallow soils compared to deep
soils, which could be explained by differences in carbon contents of respective soils. This was
also reflected in lower dissolved organic carbon production rates, which has also been observed
in previous studies comparing shallow and deep soil incubations>%63,

This implies that carbon dioxide and dissolved organic carbon evolved coupled to nitrate
reduction, which is expected given high concentrations of nitrate supplied to the reactorsin
these experiments. There was no methane detected in the outflow throughout the course of
the experiments with the exception of control incubations with no nitrate in the input solution.

4.4 Implications

These experiments answer critical questions about wetland resilience to nitrate loadings
spanning two diverse geographies. Across both geographies, maximum nitrate reduction rates
were observed for sediments with higher prior exposure to elevated nitrate concentrations, i.e.
East End and burned wetland sections. This is a useful adaptation for microbial communities
inhabiting wetland systems in a rapidly changing world with anthropogenic disturbances
increasingly impacting water and sediment chemistry, such as fire and nitrate loading.
Additionally, saline sites were shown to handle increased nitrate loading, with diminishment
seen for freshwater sites. This is important information for stewards and agencies involved in
drinking water quality for both systems.
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Future experiments would complete the full mass balance of nitrogen by supply *°N labeled
nitrate solutions in tandem with acetylene and track the isotope ratios of all relevant gas and
ionic species. Acetylene is known to inhibit the production of nitrogen from nitrous oxide',
which would increase the nitrous oxide production rates from these experiments, which would
allow us to better estimate nitrous oxide fluxes from these soil incubations. Additionally, it
would also allow us to complete the mass balance of nitrogen entering these systems, and
attribute it to various nitrate reduction pathways.
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Chapter 4: Experiments in changing root exudate chemistry and the impact on greenhouse gas
fluxes in the Delta

1. Introduction

Wetlands are critical carbon sinks that sequester carbon at higher rates than other
ecosystems>18 Carbon sequestration takes place primarily through the primary productivity
of plants adapted to flooded sediments and anoxic environments, and as these plants grow,
senesce, and die off, they directly contribute to organic matter being accreted in wetland soils
through litterfall and root exudates'®%194, Specifically, root exudates play an important role in
regulating soil carbon dynamics and greenhouse gas emissions in wetland ecosystems®>1%,
The quantity and quality of root exudates can vary significantly depending on plant species,
environmental conditions, and anthropogenic activities. Understanding how changes in root
exudates impact carbon sequestration and GHG fluxes is important for predicting the response
of these ecosystems to regime shifts, notably indicated by shifts in vegetation type, and broadly
anthropogenic disturbances.®”*%8, Under environmental stressors like drought'®, and N/P
limitation2%, root exudate profiles can shift, from high glucose to organic acid rich compounds
to solubilize phosphate minerals for nutrition2°2,

Few studies so far have investigated the impact of exudates in controlling CO; and CH4 fluxes
from wetland soils. Hoyos-Santillan et al.?%2 showed that the quality, rather than quantity, of
organic matter derived from root exudates was a key driver of CO; and CHa production in
neotropical peat profiles. They linked higher GHG production to the presence of long chain fatty
acids and lignin compounds in surface peat layers, originating from fresh root inputs, in
comparison to more decomposed organic matter at depth. Girkin et al.'°® showed that the
quality of root exudate analogues, specifically the ratio of carbohydrates and sugars to organic
acids, impacted CO; and CHgs fluxes in tropical peat soils. Labile carbon inputs in the form of
root exudates stimulated microbial activity and methanogenesis, with the magnitude and
duration of the response dependent on the chemical composition of the exudates. Additionally,
changes in vegetation composition due to natural succession, land use change, or climate
change, what is also referred to as a “regime shift”2%3, can change the quantity and quality of
root exudates entering wetland soils, which subsequently affects carbon storage and GHG
emissions. Waldo et al.2%* found that the presence of certain wetland sedges increased CH4
emissions not only by providing a direct conduit for gas transport through aerenchyma, but also
by releasing root exudates that stimulated both CH4 production and the decomposition of
native soil organic matter through microbial priming. The priming effect was mediated by
changes in soil redox conditions and competition for oxygen between heterotrophs and
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methanotrophs in the rhizosphere. Akhtar et al.2% showed that in a fire-degraded tropical
peatland, the addition of labile carbon mimicking root exudates from ferns and sedges
significantly enhanced both carbon dioxide and methane production, with the response
modulated by soil moisture and oxygen availability associated with different microtopographic
positions. Furthermore, the temperature sensitivity of CH4 production was higher under anoxic
conditions, highlighting the potential for enhanced emissions under future climate warming
scenarios. Priming is still a contentious issue, with a host of native sediment and environmental
factors shaping the response to inputs of labile C32%, however the impact of additional C
inputs, especially ones that can act as substrates for reactions implicated in GHG production is
an important one to quantify and add to the burgeoning scientific literature on priming.

It has been observed, especially on a global scale, that changes in root exudates under rising
atmospheric CO, concentrations and warmer temperature could substantially increase soil
organic carbon sequestration in natural ecosystems like forests and grasslands?97:2%, This makes
it even more important to study the impacts of exudate quality on wetland ecosystems, given
their exceptional carbon density and sequestration abilities. Panchal et al.?®” have suggested
that the recalcitrant components of root exudates can be stabilized in soil through various
physical and chemical protection mechanisms, contributing to long-term carbon storage.
However, realizing this potential requires preserving and restoring these ecosystemes, in
addition to extensive experimental and modeling based studies that will give us a better
understanding of long-term trends, not just in terrestrial ecosystems with oxic soils, but anoxic
sediments in wetlands as well.

Here, we wanted to assess how wetland soils from sites with different salinity in the
Sacramento-San Joaquin Delta would respond in terms of greenhouse gas and dissolved organic
carbon fluxes to different root exudate compounds. For that purpose, we used slurry
experiments with top soils from three sites to test the effects of three different model root
exudate constituents; glucose, lysine, and ascorbic acid, on the concentrations of greenhouse
gases, dissolved ions and organic carbon as a function of time. Glucose was found to prime
mineralization and increase emissions of carbon dioxide and methane, whereas lysine was
found to increase nitrous oxide emissions by providing an extra source of nitrogen, especially
for sites deficient in organic nitrogen.

2. Methods

2.1 Study sites.

Our study focused on three sites in the Sacramento-San Joaquin Delta that are located within a
narrow geographic zone (Figure 17) and constitute sites characterized by different salinities. The
sites on Twitchell Island (West Pond and East End) are non-tidal and therefore have a low
salinity (0.19 and 0.22 ppt respectively), whereas Dutch Slough is tidally connected and has a
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higher salinity (0.48 ppt). All three sites have similar mean annual precipitation (338 mm) and
air temperature (around 16°C). West Pond and East End have been extensively studied in the
past for their carbon fluxes on larger spatial scales®”*36, with eddy covariance (EC) towers
established in 2012 and 2014 respectively, whereas Dutch Slough is a relatively new site with its
EC tower established in 2021137, The dominant vegetation across the sites is cattail and tule
grasses, as they were brought in to stabilize berms from persistent wind and water-mediated
soil erosion.

Soils on Twitchell Island feature a complex patchwork of alluvium Mollisols adjacent to peat
Histosols which were separated from main river channels, which accumulated organic matter
over the last hundred or so years'38. The East End site was established on alluvium soils whereas
West Pond was established on peat-rich Histosols. The three sites were sampled in June 2022.
Triplicate topsoil cores were taken to a depth of 5 cm of mineral soil at each site within the flux
footprint of the EC tower and immediately transferred to a cooler with ice to prevent
biogeochemical changes. Shallow depths were sampled as soil cores contained peat-like organic
matter at the top which was discarded, and we were more interested in incubating mineral soils
underneath that contain higher concentrations of native electron acceptors known to influence
greenhouse gas production. Grab water samples were taken in triplicate at each location and
instantly acidified with 2% HNO3s to prevent oxidation of redox-relevant dissolved ions.
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Figure 18: Location of the three study sites. US-Tw1 corresponds to West Pond, US-Tw4
corresponds to East End, and US-Dmg corresponds to Dutch Slough.

2.2 Sediment and surface water characterization

Water samples were acidified with dilute (2% w/v) HNOs to preserve chemical speciation of
dissolved Fe and N cations/anions. Relevant extractable anions and cations were measured
using a Dionex ion chromatograph (IC) (electrochemical detector, ED40; analytical column,
AS23/AG23; anion self-regenerating suppressor, ASRS-I, 4 mm; mean detection limit: 30 pug/L,
error: 5 pug/L ) supplied with a carbonate eluant (7.2 mM Na>COs and 1.28 mM NaHCOs) at a
flow rate of 1.0 mL min™.

Our study focused on mineral soil, which was collected and analyzed after discarding the O
horizon, which overlaid soils from all three sites. Soil dry bulk density was determined by drying
a known volume of soil for 24 hours at 105°C. Soil pH was measured in a soil slurry after
suspending 5g of soil in a 10 mM CaCl, solution®2. Total % organic carbon and nitrogen was
measured by combusting 30 mg of dried soil using a NC 2100 Elemental Analyzer (CE
Instruments, USA). Oxalate-extractable Fe, used as a proxy for poorly-ordered oxides more likely
to participate in redox reactions, was determined using Schwertmann’s protocol*.
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2.3 Slurry experiments

In order to test the effect of specific root exudates on greenhouse gas emission in wetland soils,
we conducted a series of slurry experiments under simplified conditions by testing the effect of
three individual soil exudates. Glucose, ascorbic acid, and lysine, all constituents of a root
exudate profile, were selected because they are common root exudates with similar molecular
weights (180.156 g/mol, 176.12 g/mol, 146.19 g/mol) but different function groups. They also
span different oxidation states for C in these compounds, an indicator of how “reduced” the
compound has. Lysine is the only exudated tested with a nitrogen group in its chemical
constituents.

Anoxic slurry experiments were conducted in 125 mL serum bottles, using a 1:4 (w/w) wet soil:
deionized water mixture. Soils from the 0-5 cm depth interval were homogenized prior to the
preparing the slurries. The slurries were incubated under gentle orbital shaking to maintain the
soil in suspension, and experiments lasted 7 days with temperature maintained at 25°C. Prior to
the incubation, the serum bottles were evacuated, and the deionized water was flushed with N>
to remove most O, from both systems. Slurries were sampled for water and gas samples with
higher frequency for the first six hours, and subsequently daily lasting 7 days, for water and gas
samples. This was done to capture the gas fluxes from the initial kinetic phase of reactions
implicated in greenhouse gas production, especially N;O, known to be driven by ‘hot spots and
hot moments’ in the soil continuum?®3. An equal amount of N, was injected into the bottles to
maintain vapour pressure during gas sampling.

Following the protocol of Chari and Smith?®*, soil samples were slowly injected with 1 mL of
each exudate into serum bottles containing sediments from each site, in duplicate, once a day
over 7 days. Injection rates and concentrations of all three exudates were kept constant at 0.05
gCd?, or55.56 umolC d?, based and higher than carbon concentrations used in other exudate
manipulation experiments!®4299.210 Gijven the dearth of exudate estimates from wetland plants
such as cattail and tule and higher GPP estimates compared to ecosystems in the study
listed?!!, a greater value was chosen. Control experiments featured no injection of model
compounds.

Liquid samples were filtered through a 0.22 um PTFE membrane syringe filter (Whatman; 25
mm filter size) prior to chemical analyses. Liquid samples were analysed as described in Section
2.2. Gas samples were analysed on an Agilent 7890B GC (Agilent, Santa Clara, CA) for CO2, CHg,
and N20 using thermal conductivity, flame ionization, and nitrogen chemiluminescence
detectors (TCD, FID, and NCD) respectively. Concentrations of CO,, CHa, and N2O were then
used to calculate potential CO2, CHs4, and N2O fluxes according to:

vV AC

F= Asm * AT (1)
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Where F is the gas flux (umol [CO2 or CH4] g soil* m2 s72), V is the volume of the slurry, AC is the
gas concentration difference between consecutive time points (mol m3 [CO2, CH4, and

N.0]), m is the mass of dry soil, and At is the time increment. Values were converted from ppm
to mol m= using the ideal gas equation.

Two potential fluxes of CO,, CH4 and N0 production were calculated from the initial linear
increases (0-24 hr) in CO;, CHa, and N0 concentration, respectively and final stable values (> 96
hr)

2.3 Statistical analyses

All statistical analyses were carried out in R®, Differences between all measured water,
sediment, and gas variables were determined using a t-test with a threshold of p <= 0.05.
Tukey’s honest significance difference test was used to determine which sites, if found
significant (a = 0.05), were different. Pearson’s correlation coefficients were calculated
between measured water, sediment, and gas variables and visualized using the ‘corrplot’
function in R7°. Multivariate analyses were performed to evaluate differences in water,
sediment, and gas concentrations. Given these concentrations vary by orders of magnitude, it
was desirable to relativize them by column totals through the ‘decostand’ function using the
‘vegan’ package’?. These were then visualized using Principal Components Analysis (PCA)
ordinations. PCA was performed in R using the ‘prcomp’ function which is a part of the ‘stats’
package?®.

3. Results

3.1 Soil characteristics

Table 10. Physical and chemical characteristics of surface soils (depth interval 0-5 cm) and
surface waters from the three study sites. Values are reported as means from triplicate samples.
Different letters denote significance at p <= 0.1. Standard errors were found to not exceed >30%
of measured values.
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Site characteristics
Soil (0-5 cm)

Sand

Silt

Clay

Textural class

Dry bulk density
pH

Corg content (%)
Total N content (%)

Molar Corg:N ratio

Extractable Fe content (mg g of soil )
Extractable Mn content (mg g of soil )
Extractable Al content (mg g of soil ™)

Extractable Ca content (mg g of soil ™)

Surface water

Salinity (ppt)

NH4* concentrations (ppm)

NOjs concentrations (ppm)

CI- concentrations (ppm)

S04 concentrations (ppm)

Dutch Slough

79.6+13.52
10.1+2.32
11.1+£3.12
Loamy sand
1.22+.29%
7.57+.36°
7.89+1.192
0.47+.06°
17.54+1.152
2.17+.332
0.12+.03?
1.41+.232

44.32+10.712

0.48+.06
1.67+.44%
0.27+.03?

267.81+15.39°

20.87+4.112

East End

55.2+11.2°
33.246.7°
12.4+2.6%
Loam
1.07+.18°
5.96+.44P
15.32+3.65°
0.91+.14°
16.38+3.112
11.89+2.96°
0.78+.17°
5.59+1.14°
121.42+20.39°

0.22+.03
1.19+.16°
0.86+.17°
122.31+15.32°
0.78+.11°

West Pond

59.3+7.75P
21.2+3.4°
20.1+4.7°
Sandy clay loam
1.16+.25%
6.49+.29¢
18.95+2.77¢
0.93+.22°
19.17+2.792
8.16+1.47°¢
0.31+0.06°
3.27+0.55¢
78.13+15.52°¢

0.19+.02
2.12+.079¢
0.13+.03¢
110.57+20.91°
0.56+.09°

Dutch Slough was characterized by soils that had significantly lower Corg and N contents (p =

0.008, 0.01), as well as significantly lower contents of extractable Fe, Mn, Al and Ca and a higher

pH (7.9 versus <6.5 for the other two sites). Both SO4%" and Cl- concentrations in surface water

were statistically significantly higher in Dutch Slough than in the other sites, by factors of 27-37

and 2.1-2.4, respectively. East End soils had significantly higher contents of Fe, Mn, Al and Ca

than those of West Pond, but lower Corg and N content and a more acidic pH. Its surface water

was characterized by slightly higher NOs’, ClI-and SO4% concentrations than the one of West End.

All of the sites had similar Corg/N ratios. The surface water concentrations make the

freshwater/salinity gradient clear, with Dutch Slough having the highest chloride and sulfate
concentrations (267.81 and 20.87 ppm) (p <<< 0.05), followed by East End and West Pond. The
sulfate concentrations were found to be greater by an order of magnitude; 20.87 ppm

compared to <1 ppm for the other two sites.
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Figure 55. Effect of the addition of three model exudate compounds, ascorbic acid (circles),
glucose (triangles), and lysine (squares) on CO2 concentrations produced over time in slurry
experiments with topsoil (0-5 cm) from the three Delta study sites. Error bars represent
standard deviations for each time point found not to exceed >40% of measured value for
individual time points.
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3.2 Greenhouse gas concentrations and fluxes in response to exudate additions.
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Figure 56. Average CO; fluxes calculated for the initial rapid evolution phase of the slurry
experiments (1-24 hours) in response to addition of ascorbic acid (red), glucose (orange), lysine
(blue), and for control experiments without addition (green). Different letters indicate
significant differences at p<= 0.05. Letter’ represents differences at significance level p <=0.1.
Error bars represent standard deviations found not to exceed >30% of measured mean CO;
fluxes.

Figure 55 shows the time evolution of CO; concentrations in response to the addition of model
exudates for the three study sites. On average, East End produced 23.8% more carbon dioxide
compared to Dutch Slough and West Pond sediments (p << 0.05). For the three study sites, the
addition of the model exudates led to CO; concentrations that were 1-2 orders of magnitude
higher than in the control experiments. There was also a steeper initial increase in
concentrations, followed by stabilization at the final time points of the experiments. Across the
three different exudates tested, glucose additions led to significantly higher cumulative carbon
dioxide concentrations than lysine, ascorbic acid, and control treatments (p << 0.05). This trend
was especially more pronounced for East End soils, but also for West Pond soils(p < 0.05). Given
constant additions of exudates to these slurry experiments, CO; concentrations did not stabilize
218 hours after the beginning of the experiments.

Figure 56 shows the initial average CO; fluxes calculated from the 1-24h data points from Figure
55. On average, East End and West Pond soils produced higher initial fluxes compared to Dutch
Slough (p << 0.05) but were not significantly different from each other. The addition of the
model exudates led to much higher initial average CO; fluxes than in the control experiments.
The initial average CO; fluxes were found to be significantly different for site plus exudate
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addition combination. For Dutch Slough and West Pond soils, lysine addition led to the highest
initial fluxes (p = 0.077, 0.028) compared to glucose and ascorbic acid additions. For the East
End soils, ascorbic acid additions led to the highest initial fluxes (p = 0.058) compared to glucose
and lysine additions. On average, significantly higher cumulative fluxes were observed for
glucose additions, compared to lysine and ascorbic acid additions (p = 0.067). No differences
were observed between carbon dioxide fluxes from East End and West Pond soils, both of
which were significantly higher than Dutch Slough soils (p = 0.019).
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Figure 57. Effect of the addition of three model exudate compounds, ascorbic acid (circles),
glucose (triangles), and lysine (squares) on CH4 concentrations produced over time in slurry
experiments with top soil (0-5 cm) from the three Delta study sites. Error bars represent
standard deviations for each time point found not to exceed >40% of measured value for
individual time points.
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Figure 58. Average log transformed CHs fluxes calculated for the initial rapid evolution phase of
the slurry experiments (1-24 hours) in response to addition of ascorbic acid (red), glucose
(orange), lysine (blue), and for control experiments without addition (green). Different letters
indicate significant differences at p<= 0.05. Letter’ represents differences at significance level p
<=0.1. Log transformations were made for visualization of responses on the same axes.

Figure 57 shows the time evolution of CH4 concentrations in response to the addition of model
exudates for the three study sites. Dutch Slough was characterized by the highest CH4
concentrations compared to the other sites, both for control experiments (p <<< 0.05) and in
response to the three model exudates, with concentrations significantly higher by two orders of
magnitude. East End was characterized by very limited production of CH4 for all time points and
conditions tested. CH4 concentrations did stabilize with time across the three wetland sites and
exudate additions, contrary to what was observed with carbon dioxide concentrations (Figure
55). Methane concentrations varied significantly across treatments and sites. Glucose additions
were found to increase CH4 concentrations significantly in Dutch Slough and West Pond soils (p
<< 0.05). Lysine additions were found to significantly lower CH4 concentrations in comparison to
control treatments for Dutch Slough and West Pond soils. Methane concentrations were also

consistently higher for glucose additions, on average, followed by lysine and ascorbic acid
additions.

Figure 58 shows the log transformed initial average CHs fluxes calculated from the 1-24h data
points from Figure 57. Dutch Slough soils produced the highest fluxes across different
treatments, on average (p << 0.05). This was followed by West Pond soils which produced
significantly higher fluxes than East End soils (p << 0.05). Across the three sites, glucose
additions were found to elicit the highest response in CHa fluxes compared to the other
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treatments (p = 0.013). For Dutch Slough and West Pond soils, ascorbic acid had significantly
higher CH4 fluxes compared to lysine and control. Curiously, control treatments were found to
emit higher CHa fluxes for East End soils compared to ascorbic acid and lysine (p = 0.025). On
average, lysine additions were shown to produce the lowest CH4 fluxes across the three sites,
however there were significant differences in fluxes across site for this exudate compound
addition (p = 0.017).
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Figure 59. Effect of the addition of three model exudate compounds, ascorbic acid (circles),
glucose (triangles), and lysine (squares) on log transformed N,O concentrations produced over
time in slurry experiments with topsoil (0-5 cm) from the three Delta study sites. Error bars
represent standard deviations for each time point found not to exceed >40% of measured value
for individual time points. Log transformations were made for visualization of responses on the
same axes.
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Figure 60. Average log transformed N,O fluxes calculated for the initial rapid evolution phase of
the slurry experiments (1-24 hours) in response to addition of ascorbic acid (red), glucose
(orange), lysine (blue), and for control experiments without addition (green). Different letters
indicate significant differences at p<= 0.05. Letter’ represents differences at significance level p
<=0.1. Log transformations were made for visualization of responses on the same axes.

Figure 59 shows the time evolution of log transformed N,0O concentrations in response to the
addition of model exudates for the three study sites. Highest concentrations were observed for
East End soils, with no differences between concentrations from Dutch Slough and West Pond
soils. For the three study sites, the addition of the model exudates led to N;O concentrations
that were 1-2 orders of magnitude higher than in the control experiments. Nitrous oxide
concentrations were shown to either stabilize or decrease by the end of the experiments, with
consistent exudate additions adding more carbon to the system compared to nitrogen. Lysine
additions were consistently found to produce highest cumulative concentrations across the
sites, followed by glucose and ascorbic acid additions respectively (p << 0.05).

Log transformed initial nitrous oxide fluxes, displayed in Figure 60, highlighted different trends
observed for concentration data. The strongest response was seen for lysine additions on East
End soils, which produced the highest nitrous oxide concentrations compared to Dutch Slough
and West Pond (p << 0.05). There were similarities between Dutch Slough and West Pond in
terms of magnitude and temporal evolution of nitrous oxide fluxes from sediments. Across
sites, East End soils produced the highest cumulative nitrous oxide concentrations (p << 0.05)
compared to the other two sites.

Lysine additions stimulated nitrous oxide fluxes significantly from Dutch Slough and West Pond
soils compared to the other two exudate additions (p << 0.05). However, highest fluxes
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measured for glucose additions on East End soils compared to the other two treatments (p <
0.05). On average, initial fluxes were significantly higher for East End soils (p << 0.05), followed
by less pronounced differences between West Pond and Dutch Slough soils (p = 0.087). Control
treatments were significantly higher for East End soils (p << 0.05) compared to West Pond and
Dutch Slough soils, who behaved statistically similarly.
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Figure 61. NMDS plot of all measured variables from the root exudate slurry experiments. Red,
blue, and forest green ellipses represent measured variables from Dutch Slough, East End, and
West Pond soils respectively.

With respect to the NMDS ordination displayed in Figure 61, there is almost complete overlap
between Dutch Slough and West Pond wetland sites, with East End visibly distinguishing itself
as most dissimilar from the either two sites, some overlap notwithstanding. In terms of
response to an altering exudate regime, Dutch Slough and West Pond exhibited similar levels
and trends in carbon dioxide, methane, nitrous oxide, dissolved organic carbon fluxes.
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Figure 62. PCA plot of all measure variables from the exudate-addition experiments.

The PCA ordination plot, shown in Figure 62, reveals interesting associations between
measured variables. Dissolved organic carbon was found to be not associated with carbon
dioxide fluxes. Strong associations were found between methane, sulfate, nitrous oxide and
nitrate concentrations from exudate amendment study.

4. Discussion

4.1 Site characteristics and influence on greenhouse gas fluxes.

Of the three sites, East End was characterized by the highest sediment nitrate, oxalate-
extractable Fe(lll) and Mn oxides contents, which are a proxy for poorly ordered mineral oxides
more likely to participate in redox reactions, and the lowest C:N ratio. This indicates a higher
potential to support alternative respiration pathways leading to the higher CO; fluxes we
observed compared to Dutch Slough and West Pond. For Dutch Slough and West Pond,
nitrogen was the limiting nutrient relative to carbon given their relatively high C:N ratios,
therefore their response to glucose additions was muted in comparison to East End. This would
explain why they responded more positively to additions of lysine, an amino acid, compared to

100



glucose. This highlights the “positive priming” effect of root exudates, which has now been
suggested as the dominant effect in similar experiments by a recent meta-analysis?2.

A plausible explanation for lowest fluxes for East End this could be the presence of mineral
oxides, which led to East End soils with the highest oxalate extractable iron and manganese
oxides exhibiting the lowest methane concentrations. On the other hand, Dutch Slough soils,
with the least quantity of mineral oxides among the three sites, specifically iron and manganese
oxides known to participate in redox reactions, produced the most methane. This could be due
to methanogens utilizing substrates produced by halophilic and sulfate-reducing bacteria in
soils from Dutch Slough, which also happened to be the most saline site'>2. Presence of redox-
relevant mineral oxides has been known to inhibit methane production in coastal and
freshwater wetlands as it is thermodynamically favourable?!3. In addition, lower fluxes could be
explained by these minerals oxidizing methane produced to carbon dioxide, referred to as the
anaerobic oxidation of methane.24-216

The extent of nitrous oxide production was most pronounced for East End sediments compared
to the other two sites. This response was observed across the three sites, indicating higher
denitrification rates. East End had the lowest ammonium concentrations across the three sites
and these were also found to be negatively correlated with nitrate concentrations, with higher
nitrate concentrations preferring denitrification whereas ammonium was produced mostly at
lower concentrations. Given that East End had lower Corg/N ratios and higher nitrate in surface
water compared to West Pond and Dutch Slough, this could explain the differences in nitrous
oxide production, with denitrification being the dominant pathway at East End, dissimilatory
nitrate reduction to ammonium dominating at the other two sites'>>167, A similar spike pattern
was observed for nitrous oxide production across all three sites and exudate treatments. This is
presumably due to the fact nitrous oxide is seldom continuously produced and relies on hot-
spots and hot-moments of microbial activity in the environment®3°,

In terms of overall site response to exudate additions, East End behaved differently compared
to the other sites, as evidenced by the NMDS ordination plot in Figure 61. This suggests that
inherent soil properties might be the biggest predictors to our understanding of wetland
response to an altering exudate regime. It has been established that given the presence of
mineral oxides, root exudate compounds such as organic acids could be sorbed directly on to
mineral surfaces instead of instantly priming native microbial populations?’ . Root exudates
have also been known to be integral to soil organic matter formation and turnover rates, with
amino acids increasing microbial biomass and glucose increasing the turnover rates of native
sediment organic matter'®*, and results from the East End site are consistent with this theory.
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4.2 Influence of chemical composition of exudates on greenhouse gas fluxes and interaction with
site properties.

For Dutch Slough and West Pond, the differences in CO; fluxes between experiments with
glucose and lysine are presumably explained by the presence of nitrogen in lysine. Since these
sites were nitrogen-limited in comparison to East End, the lysine additions could have been
mineralized to inorganic nitrogen and utilized for alternative respiration strategies and increase
in microbial biomass?!8-220, Ascorbic acid additions featured the lowest carbon dioxide
concentrations and lower cumulative fluxes compared to the other two treatments across all
sites. This could be explained by the reduction in pH leading to inhibition of microbial activity
and mineralization of organic matter?2%:222,

The positive effect we observed for glucose additions on CH4 concentrations across the three
sites is presumably due to decomposition/fermentation byproducts of glucose, such as ethanol
and acetate, which are being readily utilized by methanogens in these anoxic systems?223:224,
Ascorbic acid has been known to react with oxygen in the presence of iron oxides to produce
CHa in model systems?2>, which could be a reason for the increase in CH4 concentrations in
wetland sediments. Compared to the other two treatments, CH4 production was suppressed in
the presence of lysine additions. This could be explained by the mineralization of lysine to
nitrate, which would lead to lower CH4 emissions due to thermodynamic favorability of nitrate
reduction over organic matter fermentation?2°.

Nitrous oxide concentrations and fluxes were found to be significantly elevated for lysine
additions compared to the other model exudate constituents. However, due to persistent lysine
additions in our experiments, we did see considerable fluxes of nitrous oxide throughout the
course of the experiments across the three sites. Increases were observed for glucose and
ascorbic acid amendments as well, but to a lower extent. This could be explained by the
consistent inputs of carbon compounds that stimulate microbial activity and mining of native
sediment inorganic nitrogen, which would primarily produce ammonium and carbon dioxide
but also some quantities of nitrous oxide as well till all the nitrogen was exhausted. In fact,
strong associations were observed between ammonium and carbon dioxide concentrations, as
evident from the ordinations plot (Figure 50) .Glucose additions featured lower nitrous oxide
fluxes, given that it further increases the Corg/N ratios, however there was a positive effect
observed over treatments with no addition of model exudate compounds. This effect was also
seen in experiments with grassland soils with glucose amendments and nitrous oxide
measurements, where an initial pulse of nitrous oxide was succeeded by decline in nitrous
oxide concentrations due to nitrate limitation??’. Ascorbic acid amendments produced higher
fluxes of nitrous oxide compared to control treatments. This could be explained by the
promotion of denitrification at lower pH values??® induced by ascorbic acid additions. However,
evidence for this effect is still contentious???, and fluxes were observed to be significantly lower
than the other two amendments.
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4.3 Implications

Across all experiments, differences in measured greenhouse gases were driven by a
combination of site characteristics and chemical composition of the model compounds standing
in for exudates used for this project. As root exudate compositions change with environmental
stressors, greenhouse gas emissions and dissolved organic carbon fluxes will change dependent
on substrate lability, with higher mineralization for sugar rich exudates, and effects on
porewater and soil pH, which can alter microbial activity. Sites will also respond differently to
these shifts dependent on their native soil properties, with East End behaving significantly
differently from the other two sites in our study, as evident from the NMDS ordination.

Broadly, root exudates are a dynamic component of the carbon cycle in wetland soils, and their
changing nature in response to various environmental drivers can have profound impacts on
greenhouse gas emissions and soil carbon sequestration, as was observed in this study. As
wetlands are among the largest natural sources of methane and store vast amounts of soil
organic carbon, improving our mechanistic understanding of how root exudate dynamics
influence these processes is essential for predicting ecosystem feedbacks to global change and
informing climate mitigation strategies. Future research should focus on integrating field
measurements, detailed characterization of exudate profiles across commonly found wetland
plant species, controlled experiments, and modeling approaches to elucidate the complex
interactions between plants, microbes, and soil biogeochemistry mediated by root exudates
across diverse wetland ecosystems.
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Figure 63. Evolution of nitrate concentrations in the slurry experiments over time.
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